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ABSTRACT 
 
Hongbo Zhu: Improvement of the Bioavailability of Polycyclic Aromatic Hydrocarbons in 
Field-Contaminated Soil 
 
(Under the direction of Michael D. Aitken) 
 
The contamination of soils by polycyclic aromatic hydrocarbons (PAHs) has posed a 
serious threat to public health and ecosystems. Bioremediation of PAH-contaminated soils is 
a low-cost and relatively clean strategy. However, the bioremediation is not always 
successful, and one of the major causes is the limited PAH bioavailability to microorganisms 
in the soil system. Surfactant addition is a common strategy to increase the bioavailability of 
PAHs in the soil. We evaluated two nonionic surfactants, one hydrophobic (Brij 30) and one 
hydrophilic (C12E8), for their ability to enhance the biodegradation of PAHs and their 
influence on groups of PAH-degrading bacteria in the bioreactor community that had 
previously been identified by DNA-based stable-isotope probing. The effects of each 
surfactant were evaluated at doses corresponding to equilibrium aqueous-phase 
concentrations well above the surfactant’s critical micelle concentration (CMC), slightly 
above the CMC, and below the CMC. The concentrations of all 3- and 4-ring PAHs were 
significantly reduced in the soil amended with Brij 30 at the two lower doses compared to 
controls, whereas removal of only the 3-ring PAHs was significantly enhanced at the highest 
Brij 30 dose. In contrast, C12E8 did not enhance PAH removal at any dose. Brij 30 addition at 
the lowest dose significantly increased the desorption of most PAHs, whereas the addition of 
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C12E8 at the lowest dose actually decreased the desorption of all PAHs. Two groups of 
organisms containing naphthalene- or salicylate-degrading bacteria increased in abundance 
substantially after incubation with both surfactants. In contrast, Brij 30 inhibited a third group 
of naphthalene/salicylate degraders and two groups of pyrene-degrading bacteria, and it 
modestly inhibited the predominant phenanthrene degrader at the highest dose. Overall, this 
study demonstrates that the effects of the surfactants on PAH biodegradation could be 
explained by their effects on PAH bioavailability, and that surfactant addition can have 
differential effects on populations of organisms known to be responsible for contaminant 
degradation within a microbial community. 
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1. Introduction  
The contamination of soils and sediments by polycyclic aromatic hydrocarbons 
(PAHs) has posed a serious threat to public health and ecosystems. Although much progress 
has been made in reducing PAH releases at industrial sites, major releases still occur. PAH 
contamination of soil is a serious problem gaining more and more attention because it can 
lead to uptake and accumulation of toxic chemicals in food chains, harmful to both humans 
and the ecosystems (National Toxicology Program 2001).  
PAHs are commonly found in soils at manufactured gas plant (MGP) sites (Luthy et 
al. 1994; Glaser and Potter 1996; US EPA 2004), and are considered relatively recalcitrant to 
be removed. Molecular stability and hydrophobicity are two primary factors that contribute to 
the recalcitrance of PAHs, especially high-molecular-weight PAHs (Makkar and Rockne 
2003), which refer to PAHs with four or more rings in the present study. The genotoxicity of 
PAHs also is known to increase with molecular weight (Cerniglia 1992).  
The hydrophobicity of PAHs results in the sequestration of PAHs in different 
compartments in soils. Normally only when the PAHs are in the aqueous phase can they be 
accessed by microorganisms. When they are present as a nonaqueous liquid or as a solid, 
only a very limited fraction of the PAHs can be directly accessed by microorganisms (Garcia 
et al. 2001). PAHs may be sequestered by any of several components in soil or sediment. 
They could be in micropores in the soil particles, partitioned in a soot-like particle phase, 
natural soil organic matter, or the nonaqueous-phase liquid (NAPL) that originally 
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contaminated the soil, or sorbed at the mineral surfaces (Luthy et al. 1997).  
Bioremediation of PAH-contaminated soils is a promising, low-cost and relatively 
clean strategy. Bioremediation techniques stimulate the microorganisms to grow and use the 
contaminants as a carbon and energy source by creating a favorable environment for the 
microorganisms to degrade the chemicals (National Research Council, 1997). The efficiency 
of bioremediation is limited by various factors, both biological factors and physical/chemical 
factors. One of the major causes is the limited PAH bioavailability to microorganisms 
because of their low solubility and strong sorption to soil, which lead to the adherence and 
slow release of PAHs from soils. This is a primary obstacle in bioremediation and is 
challenging the basic concepts about cleanup standards and risks (Luthy et al. 1997). Madsen 
(2003) stated that understanding the science of mobilizing contaminants out of soils and 
sediments is analogous to understanding the science of soil bioremediation. Therefore, 
“contaminant mobilization treatment” is essential in soil bioremediation. 
The term “bioavailability” has been defined from different perspectives. Generally, it 
refers to the extent to which humans and ecological receptors are exposed to contaminants in 
soil or sediment. In Figure 1, “A” refers to the desorption of the contaminant from the soil 
phase to the aqueous phase. The organic contaminants may interact with different soil 
components in different manners, so “A” might be physical, chemical or biochemical 
processes. The transport processes prior to reaching a biological membrane are indicated as 
“B”. Finally, “C” refers to the steps taken by the chemical following uptake across a 
membrane of the organism. So the definition of bioavailability embraces all of the steps that 
take a chemical from being bound in soil to being absorbed into an organism (Ehlers and 
Luthy 2003). However, for microbial processes such as biodegradation, processes “A” and 
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“B” are most relevant. 
 
Figure 1.1 Processes involved in studying bioavailability of soil-bound contaminants (after 
Ehlers and Luthy, 2003). 
For PAH-contaminated soil, bioavailability represents the amount of soil-bound 
PAHs that are available for microbial transformation and possible toxicity. However, this 
word is confusing. We usually say “to increase bioavailability of a PAH”, which actually 
means “to increase bioaccessability of a PAH”, because what is available is available now 
(Semple et al. 2004). Semple et al. (2004) define the bioavailable compound as that which is 
freely available to cross an organism’s cellular membrane from the medium the organism 
inhabits at a given time. Thus bioavailability is an “instantaneous value” changing with time, 
while bioaccessability is “the integration of bioavailability over time”, which means what is 
actually bioavailable now plus what is potentially bioavailable. The difference between the 
two terms is due to the long period of time for equilibrium of PAHs between the soil and 
aqueous phase. The term “bioaccessability” is not in common use in the literature, so 
bioavailability can refer to either meaning by most researchers. The term bioavailability is 
used in the remainder of this dissertation. 
To measure the bioavailability of PAHs is to measure the amount of aqueous-phase 
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PAHs that could be “available” to the microbes directly or indirectly. Therefore, mass 
transfer measurements could be informative when compared to the rate of biodegradation. If 
the rate of biodegradation is equal to the rate of mass transfer at a certain time point, mass 
transfer is limiting the biodegradation. If biodegradation is slower than mass transfer, factors 
such as microbial activity or toxicity to microbes should be considered to be controlling the 
whole process. The mass transfer of soil-bound PAHs from the soil to the aqueous phase is 
called desorption. For two-, three-, or four-ring PAHs, the desorbable fraction could be 
regarded as the bioavailable fraction (Cornelissen et al. 1998). PAHs with more rings are 
more difficult to biodegrade, even if they are present in the aqueous phase (Kanaly and 
Harayama 2000). 
The smaller the bioavailable component, the less the contaminants threaten human 
health and the environment. The aging of soils results in the resistance of PAHs to 
biodegradation, corresponding to a decrease of bioavailability, and potentially the risk from it 
too. So the aging of soil is a natural process which could essentially be beneficial if 
bioavailability became negligible. There are two ways of addressing the bioavailability 
problem. One is to enhance the sequestration of the PAHs, or to reduce the bioavailable 
fraction. The other is to convert the originally unavailable PAHs to a form that can be acted 
on by the microorganisms. Examples of the former, which are relatively fewer, include the 
decrease of bioavailability of the PAHs in the soil subjected to wetting and drying cycles 
(White et al. 1998), reduction of PAH transfer by aging-induced interfacial films (Ghoshal et 
al. 2004), improving soil’s sorption capacity for PAHs by modifications with cation 
surfactant (An et al. 2005), addition of carbon sorbents (Zimmerman et al. 2004) or to reduce 
PAH bioavailability in soils or sediments. Much more research has focused on techniques for 
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improving bioavailability. Essentially, these two perspectives are similar in that they are both 
aimed at reducing risk. The target of improving the bioavailability is to get rid of the more 
bioavailable part, so the bioavailability of the residuals diminishes after treatment, which also 
means less risk. For a specific contaminated site with PAH levels above the regulation 
standard, which is threatening the environment now, we cannot wait and depend on natural 
aging to make the entire mass of PAHs unavailable. Quick actions need to be taken to 
remove the contaminants. Improving bioavailability is not to increase the bioaccessible 
fraction, but to increase the instantaneous bioavailability at the starting point of treatment, 
which can greatly shorten the treatment time span. If, for example, the concentration of one 
PAH is 20 mg/kg higher than the regulation level, a natural process might take five years to 
release the PAH to the aqueous phase, while it might only take one month for the same soil to 
release such an amount after improving the bioavailability. Therefore, the objective of this 
study is to increase the bioavailability of the PAHs in the soil.  
Several strategies have been suggested and developed for increasing the 
bioavailability of PAHs in field-contaminated soils, and are described in detail in Chapter 2. 
Mechanical mixing, grinding and slurrying are commonly performed because they can 
enlarge the interfacial area of the soil phase, improving mass transfer. One of the options to 
significantly increase bioavailability of PAHs is the use of surfactants to increase desorption 
into the aqueous phase. The addition of various surfactants to solubilize hydrophobic soil 
contaminants and increase their bioavailability has been proposed by numerous researchers. 
However, little work has been done on the influence of surfactants on PAH desorption and 
biodegradation with field-contaminated soils. Field-contaminated systems are more 
complicated than artificial spiked soils; there are various contaminants and matrix 
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components other than a single model PAH and indigenous microorganisms other than 
isolated degraders.  
Anaerobic incubation of contaminated soil is also an approach to increasing the 
bioavailability of PAHs. It is reported that imposition of anaerobic conditions can lead to 
changes in both the dissolved organic matter and organic matrix of the soil such that 
significant mobilization of PAHs occurs (Kim and Pfaender 2005). Anaerobic incubation can 
result in a more reduced environment, which has been shown to increase the aqueous phase 
concentration of the PAHs, thus making them more bioavailable (Kim et al. 2005). However, 
previous studies did not evaluate the desorption kinetics of PAHs from anaerobically 
incubated soils.  
1.1 Purpose and Specific Objectives. 
The purpose of this research was to evaluate the effects of two strategies, anaerobic 
incubation and surfactant addition, on the bioavailability and/or biodegradation of PAHs in 
field-contaminated soil.  
Previous studies have shown that anaerobic environments favor the mobilization of 
PAHs from organic matter. To our knowledge, no previous work has been done to investigate 
the corresponding effect of anaerobic incubation on rates of PAH desorption from the solid 
phase in field-contaminated soils. The effect of anaerobic incubation on the desorption of two 
field-contaminated soils was evaluated in this study, which would provide some insight for 
the potential application of this relatively innovative strategy of improving bioavailability of 
PAHs. 
Surfactant addition has been shown in previous work to solubilize PAHs in 
contaminated soils but studies using field-contaminated soil are limited (Yeom et al. 1996; 
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Grasso et al. 2001; Torres et al. 2005). None of the existing research has evaluated the effects 
of surfactant addition on bioavailability of PAHs in a biologically pretreated soil, in which 
the biodegradation is more limited by mass transfer kinetics after conventional biological 
treatment than in the untreated soil. The present study with pretreated field-contaminated soil 
will expand our knowledge of the effects of surfactant addition on bioavailability and 
biodegradation of PAHs.  
1.2 Specific Objectives 
1. Evaluate the effects of anaerobic incubation on the desorption of PAHs from 
contaminated soil 
(a) Compare the desorption curves of the soils with and without anaerobic incubation; 
(b) Use an empirical two-site desorption model to quantify the fast- and slowly desorbing 
fractions of PAHs and their respective first-order desorption rate constants in the two 
contaminated soils; 
(c) Statistically analyze the model fitting parameters and determine which fraction (fast- or 
slowly desorbing fraction) the anaerobic incubation affected. 
2. Evaluate the effects of surfactant addition on desorption and biodegradation of PAHs 
from contaminated soil after pretreatment in an aerobic, slurry-phase bioreactor 
(a) Evaluate the effects of surfactant addition on biological removal of PAHs by quantifying 
the PAH concentrations in solid and liquid phases in reactor slurry incubated without 
surfactant or with surfactant addition at different doses; 
(b) Evaluate the effects of surfactant addition on PAH desorption by quantifying the 
cumulatively desorbed PAH concentrations from the reactor slurry incubated without 
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surfactant or with surfactant addition at different doses. 
(c) Compare the effects of two surfactants of different hydrophobicity on PAH desorption 
and biodegradation. 
3. Evaluate the effects of surfactant addition on populations of PAH-degrading bacteria in 
contaminated soil 
(a) Compare the abundances of several known PAH degraders in the treated soil from an 
aerobic, slurry-phase bioreactor relative to total bacteria obtained by real-time 
quantitative polymerase chain reaction (qPCR) before and after surfactant addition at 
different doses; 
(b) Investigate the initial rate of mineralization of PAHs by microorganisms in the reactor 
slurry incubated with surfactant. 
 
1.3 Dissertation Organization 
This dissertation is organized into six chapters. Chapter 2 is a literature review which 
provides background for the work described in the dissertation. Chapter 3 was published in 
Environmental Toxicology and Chemistry (Zhu et al. 2008). Chapters 4 and 5 are manuscripts 
under preparation to be submitted to a peer-reviewed journal, and Chapter 6 provides 
conclusions and recommendations for future work.
2. Literature Review 
2.1 PAH and PAH contamination 
2.1.1 Physical properties 
Polycyclic aromatic hydrocarbons (PAHs) constitute a large class of organic 
compounds which consist of two or more fused aromatic rings. PAHs are mainly produced 
by incomplete combustion of carbon-containing fuels, in addition to their presence in fossil 
fuels such as oil and coal (Page et al. 1999). PAHs are pollutants of concern because some 
compounds have been identified as carcinogenic and mutagenic (US DHHS 1995). The 
United States Environmental Protection Agency (US EPA) listed 16 priority pollutant PAHs 
(Figure 2.1) which are frequently analyzed as “indicators” of PAH contamination.  
As molecular weight and ring number increase, aqueous solubility decreases (Mackay 
et al. 1992). The hydrophobicity of PAHs, indicated by the octanol-water partition coefficient 
(Kow), also increases as molecular weight increases (Mackay et al. 1992). PAHs are known to 
be genotoxic, and PAH genotoxicity increases with size up to at least four or five fused 
aromatic rings (Cerniglia 1992). The US EPA classified seven PAHs as Group B2 “probable 
human carcinogens” (US EPA 1993). The carcinogenic properties of PAHs are strongly 
dependent on molecular structure and not all PAHs are carcinogenic (Figure 2.1). It is also 
known that the persistence of PAHs in the environment increases with size. For instance, the 
reported half-life of the 3-ring PAH phenanthrene ranges from 16-126 days while that of the 
5-ring benzo[a]pyrene may range from 229 to > 1400 days (Shuttleworth 1995).
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Figure 2.1 Structures of the 16 EPA priority pollutant PAHs. EPA Class B2 carcinogens are underlined.
Benzo(g,h,i)perylene 
Acenapththene Fluorene Naphthalene Acenaphthylene 
Pyrene Chrysene Benzo(b)fluoranthene 
Indeno(1,2,3-c,d)pyrene 
Benz(a)anthracene Fluoranthene 
Benzo(k)fluoranthene Benzo(a)pyrene Dibenz(a,h)anthracene 
Phenanthrene Anthracene 
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2.1.2 PAH contamination 
PAH contamination of soil and sediments is a considerable problem at a variety of 
waste sites, which include manufactured-gas plant (MGP) sites, wood-preserving sites, or the 
soil adjacent to a petroleum tank farm.  
Starting from the end of World War I, many of the MGPs were decommissioned by 
removing above-ground structures while the pipelines and below-ground tanks were not 
removed and still contained liquids. Because of the nature of the gas manufacturing process 
and the practices at the time, almost all these plants released contaminated materials to the 
environment. It is estimated that 30,000-45,000 of these sites that probably had releases of 
hazardous substances have not been investigated and many may need to be cleaned up (US 
EPA 2004). The types of wastes produced at these sites depended on the production 
processes and the period in which the plants operated. Six major constituent classes, 
including PAHs, are potentially present in MGP residuals (Middleton 1995). PAHs in MGP 
sites are often associated with carbonaceous particles and coal tar, a by-product of all MGP 
sites at which coal was used, which is a dense, non-aqueous phase liquid (DNAPL). 
Also, there are about 800-1000 former wood-preserving plants in the United States 
(US EPA 2004). Creosote is one of the important wood preservatives used for commercial 
purposes, which is obtained from high temperature distillation of coal tar. Creosote is used as 
a fungicide, insecticide, and sporicide to protect wood and is applied by pressure methods to 
wood products, primarily utility poles and railroad ties (Townsend 2006). There are up to 300 
different PAH compounds in creosote.
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2.2 PAH in soil systems 
Due to their hydrophobicity and low solubility, PAHs tend to associate with the soil 
phase rather than in the aqueous phase (e.g. pore water) in soil systems. Madsen (2003) 
summarized six specific mechanisms hypothesized to decrease the bioavailability of 
chemical waste in soils, most of which can be applied to the sequestration of PAHs in soils: 
sorption to surfaces, partitioning into NAPL phases, micropore- and nanopore- separation, 
complexation, insolubility, and partitioning into organic matter. 
PAHs may be sequestered by any of several components in the soil, and there is a 
great diversity of physical and chemical principles that govern the interactions between 
geosorbents (soils and sediments) and PAHs (Figure 2.2). The interactions of PAHs with 
amorphous organic carbon or NAPLs can be described by absorption, typically 
corresponding to linear sorption isotherms. But the condensed carbon phase might also have 
some nonlinear behaviors (Luthy et al. 1997). 
2.2.1 Soil organic matter 
Different compartments can be regarded as different sorbents in terms of binding 
energies and rates of sorption and desorption. Soil organic matter (SOM), a nontoxic 
naturally occurring material, is of great importance in understanding the sorption of PAHs in 
the soil. SOM is composed of plant materials in different stages of decay, soil biota 
(microorganisms, soil fauna), and the persistent material, humus (Madsen 2003). The affinity 
of SOM for hydrophobic organic compounds (HOC) partly depends on its origin and 
geologic history (Luthy et al. 1997). 
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Figure 2.2 Conceptual model of geosorbent compartments developed by Luthy et al. 
(1997). The circled letters represent different sorption mechanisms. These compartments 
include soil organic matter (SOM) or NAPLs (A), combustion residue particulate carbon 
such as soot (B), organic (C) and mineral (D) surfaces and micropores (E). 
 
The fraction of PAHs that are tightly bound has been suggested to be related to the 
heterogeneity of SOM. The fraction of SOM that contains diagenetically young natural 
material such as humic acid and other humic material is generally amorphous and is volatile 
after exposure to 375˚C with plenty of air (Gustafsson et al. 1997). The soil organic matter 
also includes another condensed organic carbon phase, which is diagentically aged natural 
sorbents. Sometimes, this condensed phase is associated with anthropogenic sources of 
carbon as well, such as soot. This phase of SOM is highly reduced and condensed so that the 
diffusion rate of contaminants in it is extremely slow (Ghosh et al. 2001). It was concluded 
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that the condensed-phase organic carbon was a good indicator of the potential for desorption 
resistance in field-contaminated soils (Chai et al. 2006). These two phases of diagenetically 
young and aged SOM sometimes are called the “rubbery” and “glassy” fractions respectively, 
between which constant transitions occur until equilibrium is reached (Stevenson 1994). For 
hydrophobic compounds such as PAHs, whose affinity to mineral sorption is low, the overall 
sorption and desorption can be dominated by SOM (Luthy et al. 1997). But Khalil et al. 
(2006) suggested the partitioning behavior of PAHs for MGP impacted soils containing 
weathered pitch particles might be dominated by the sorption to pitch and not by natural 
organic matter or black carbon. 
2.2.2 Combustion residue particulate carbon 
The anthropogenic particulate phase is usually regarded as a different phase than 
organic matter. A fraction of PAHs is sequestered within the particulate matrix as a result of 
simultaneous production during combustion (Jonker and Koelmans 2002). For example, soot 
is a product of incomplete combustion of fossil fuels which might contain high levels of 
PAHs. More importantly, recent studies showed that soot is a very strong sorption phase for 
PAHs; as a result, its existence in the soils or sediments may cause very slow desorption of 
bound PAHs to the aqueous phase (Bucheli and Gustafsson 2000; Jonker et al. 2005). 
Bucheli and Gustafsson (2000) suggested that the observation of elevated values of the 
organic carbon/water partition coefficient (Koc) of field samples relative to the theoretical 
value predicted from bulk organic-matter partitioning models was due to soot sorption. Soot 
and other forms of “black carbon” are getting more attention because of their importance in 
limiting the mass transfer and controlling the actual fate of PAHs in the environment. 
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2.2.3 Nonaqueous-phase liquids (NAPLs) 
Adherent or entrapped NAPLs, such as coal tar or creosote, can also function as an 
important compartment for hydrophobic compounds, which might directly contaminate the 
soil. In soils directly contaminated by the source materials or by transport of the source 
materials, PAHs are likely to be associated primarily with NAPLs (Ghosh et al. 2003). A 
difference between fresh and aged or weathered NAPLs also exists just as for SOM. 
Diffusion of the hydrophobic compounds within the NAPL phase itself and interfacial mass 
transfer may be rate-limiting steps for the desorption of these compounds to the aqueous 
phase. To investigate the desorption mechanism and to model this NAPL compartment, both 
dissolution kinetics of NAPLs and desorption of the contaminant need to be considered 
(Kraatz et al. 1997). 
2.2.4 Mineral surfaces 
The mineral surface includes exposed mineral surfaces and surfaces within pore 
spaces. The sorption of PAHs to the exposed mineral surfaces should be low because PAHs 
are hydrophobic and mineral surfaces are hydrophilic. The surfaces within pore spaces might 
be more important in desorption kinetics, because slow desorption can be partly attributed to 
diffusion through the pore spaces (Werth and Reinhard 1997). Some micropores can be a 
barrier to the direct physical contact of PAHs with microorganisms; even excretion of 
extracellular enzymes might not reach the molecules that diffuse into soil micropores because 
of their size difference (Ball and Roberts 1991). 
Overall, it can be expected that a portion of PAHs should be inaccessible to 
microorganisms in most field-contaminated systems. 
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2.3 Aging process 
Organic compounds aged in soil exhibit a reduction in the amount of chemical 
available for extraction (Rockne et al. 2002), microbial degradation (Lei et al. 2005), toxicity 
(Jonker et al. 2006), and bioaccumulation (Lu et al. 2006).  
There may be two perspectives to look at the aging process. One is about the 
diffusion of PAH molecules. The aged fraction of PAHs may be partly due to the slow 
diffusion of their molecules into the sorption compartments such as organic matter and 
micropores in soils (Brusseau and Rao 1991; Farrell et al. 1999). It involves the slow 
movement of the contaminant further into the sorption domains after the contaminant first 
contacts the solid phase (soil particles). This process can occur for many years (sometimes 
decades), because that is how long the contamination might have existed before a change, 
such as remediation, is made. The longer ago the contamination started, the further the PAH 
molecules will have traveled into sorption domains. Desorption is correspondingly slow from 
an aged soil partly because it takes a long time for the contaminant to diffuse back out of the 
sorptive domains and reach the bulk aqueous phase.  
Another perspective on contaminant aging is about the soil organic matter. As stated 
above, SOM is composed of plant materials in different stages of decay, soil biota, and the 
persistent material, humus. Diagenetically old SOM has much stronger sorption capacity than 
diagenetically young SOM, with changes in polarity and aromatic carbon content (Kim and 
Pfaender 2005). Diagenesis and weathering of SOM lead to changes in the relative amount of 
oxygen-containing functional groups, and the H/O or O/C atomic ratios, which have been 
proposed to describe the increasing affinity of SOM for sorption of HOCs changing with 
time (Huang and Weber 1997). 
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Both aging phenomena are the effects of time. The aging process can explain why 
long-aged contaminated sites are harder to remediate than freshly contaminated sites or 
spiked soil systems (Huesemann et al. 2004). Many investigators have documented 
time-dependent alteration in biological and chemical properties of the PAHs by spiking the 
PAHs in the soil. Significant changes can be observed in desorption and bioavailability after 
aging for up to one year (Rockne et al. 2002). However, these laboratory-incubated samples 
are quite different from the field-contaminated soils, which may undergo real-world 
weathering processes (water infiltration, freeze/thaw cycles, wind, and sunlight exposure) 
and are likely to have a much more complex contaminant matrix. For example, ter Laak et al. 
(2006) showed that equilibrium partition models could predict sorption coefficients of freshly 
spiked and lab-aged soils accurately, but those of field-contaminated soils were orders of 
magnitude lower than model predictions. Allan et al. (2007) compared the biodegradation of 
PAH from field-contaminated soil and artificially contaminated soil following 120 days of 
aging, and found that the spiked PAHs were still significantly more bioavailable than 
field-aged PAHs. Because a laboratory equilibration period of many years would be 
impractical, field-contaminated samples should be used more frequently to get more accurate 
data of desorption and biodegradation relevant to field-scale remediation. 
2.4 Bioremediation  
Bioremediation involves the provision of some combination of oxygen or other 
electron acceptor, inorganic nutrients, and moisture, and control of the temperature and pH 
might also be required. Biodegradation kinetics are influenced by these conditions and the 
specific contaminants present. Bioremediation is largely classified by two categories, in situ 
remediation and above-ground (bioreactor) remediation. The in situ remediation approach 
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allows soil to be treated without being excavated and transported, so it is less of a disturbance 
to the environment and can reduce worker exposure to hazardous materials; however, the 
conditions required for optimum biological activity are harder to maintain in situ than in a 
reactor. The slurry-phase reactor is a common example of above-ground treatment. It can 
idealize those external limiting factors that are difficult to maintain with in situ treatment. A 
concerning reality of bioremediation of PAH-contaminated soils is that the biological 
removal of PAHs tends to be incomplete, even though many PAHs with which we are 
concerned are ultimately biodegradable (Cerniglia 1992). As discussed above, the association 
of PAHs with various compartments in the soil decrease their rates of degradation, so the 
limitation of bioavailability can at least partly explain the inefficacy of bioremediation of 
PAH-contaminated soils.  
2.4.1 Bioavailability and bioremediation 
Figure 2.3 summarizes various situations regarding the relationship between 
bioavailability and biodegradation.  
Figure 2.3(a) is a simple representation of what is happening naturally. The PAHs are 
released slowly to the surrounding aqueous phase as time goes by. Microbial degradation of 
PAHs is also low because of low substrate concentration, nutrients limitation, relatively low 
temperature, insufficient oxygen supply in the deep layers, or other limitations. The vertical 
width of the shaded area represents the fraction free in the environment, which is a hazard 
currently posed to the ecosystem or human health at a certain time. 
Compared to the natural process, microbial activity will be greatly enhanced when 
bioremediation techniques have provided a favorable environment (in-situ) or optimized 
operational parameters (bioreactor) for the PAH degraders. Figure 2.3(b) shows the situation 
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Figure 2.3 Conceptual sketches of desorption and biodegradation of PAHs in (a) natural 
process, (b) bioremediation with ideal microbial activities (mass-transfer limited), (c) field 
bioremediation without enhancement of bioavailability, (d) field bioremediation with 
enhancement of bioavailability, and (e) process that applies approaches to decrease 
bioavailability. In panels (a)–(e), f is the fraction of a given contaminant initially present in 
the soil. The curves from panel (a) are reproduced in the other panels; the arrows denote the 
fractions remaining at a certain time point for comparison of the results in different 
remediation approaches; and the shaded areas represent the difference between cumulative 
desorption and cumulative biodegradation, or the potential hazard. 
 
where the remediation is only mass transfer limited, namely once the PAHs are released from 
the soil phase, they can be degraded by the microorganisms immediately. In this condition, 
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rates of desorption and biodegradation should be equal, thus there are no free-moving PAHs 
as a current risk. However, in many cases, the released PAH cannot all be degraded 
immediately due to limitations in the abundance of the degraders or in enzyme activity as 
described in Figure 2.3(c). In these cases, the potential hazard still exists at any time as long 
as there are free PAHs (shaded area).  
Figure 2.3(d) represents the situations in field bioremediation after the enhancement 
of bioavailability. When strategies such as surfactant addition are applied to increase both the 
rate and extent of desorption, the biodegraded fraction of PAH would usually increase 
accordingly. But note that the undegraded fraction, which is the difference between desorbed 
and biodegraded, is not necessarily larger than that in Figure 2.3(c). Finally, Figure 
2.3(e)shows the situation in which bioavailability is decreased. The application of this case is 
much less common than increasing bioavailability. The release of the PAH would be slower 
than normal, so that the hazard currently posed to the environment should be less than in a 
process without any treatment. 
Figure 2.3 actually indicates different rationales and their concomitant approaches for 
soil remediation. The question is what the most important index is when we are assessing the 
risk either now or in the future. One of the rationales is that the hazard at a certain time 
should be the amount of PAH in the aqueous phase, thus the vertical width of the shaded area. 
Researchers who think that reducing the bioavailability by increasing sequestration would 
reduce the exposure to, and thus the risk from, organic pollutants in soil, may regard the 
fraction released (solid curves) as a measurement of risk (White et al. 1998). Some others 
think the fraction remaining in the solid phase still matters because, as Madsen (2003) 
indicated: 
[R]educed bioavailability simply means that a chemical waste’s diminished ‘effective 
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concentration’ is proportionately balanced by a lingering reservoir of the chemical 
waste in soil and sediments… [S]oil is, by definition, a thermodynamically unstable, 
kinetically constrained medium whose chemical composition, including solid, liquid, 
and gaseous components, is constantly changing. Thus, the ‘nonbioavailable’ chemical 
wastes in this lingering reservoir are always subject to release into soil solution where 
the wastes are resubjected to a variety of transport and/or transformation processes. 
The fraction of PAH remaining in the soil is shown in Figure 2.3 as well, and the 
arrows denote the fractions remaining at a certain time point for comparison of the results in 
different remediation approaches. Combining the remaining fraction and the difference 
between desorption and biodegradation, what we can get is actually the total amount of 
PAHs left in all phases after biodegradation (1-fbio). I think this is the most reasonable and 
safest rationale until it is demonstrated that soil with a certain amount of tightly-bound PAHs 
(“nonbioavailable”) is really safe for the environment and human health. It is the premise of 
all the techniques of improving bioavailability, and implies that it is important to biodegrade 
as much as possible; if there is a mass transfer limit, just try to remove or reduce that limit, 
and biodegrade what is made available. This involves both biological and physical/chemical 
considerations.  
2.4.2 Desorption of PAHs 
Various approaches have been used to predict bioavailability of PAHs. The indices 
used to determine bioavailability includes the biota-sediment accumulation factor (BSAF) 
(Lu et al. 2006), the partition coefficient between organic carbon and water (Koc) (Hawthorne 
et al. 2006), pore water concentration (Kraaji et al. 2003), rapid persulfate oxidation 
(Cuypers et al. 2000), and the fast-desorbing fraction (Loehr et al. 2003; Chai et al. 2006). 
Existing information obtained using field-contaminated soils indicates that the release of 
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organic chemicals such as PAHs from contaminated soils often occurs in several stages: an 
initial stage of rapid release followed by a much slower release of the less labile fraction 
(Hawthorne et al. 2002; Loehr et al. 2003; Doick et al. 2005), and possibly a third stage of 
extremely slow release (Jonker et al 2005). The fraction of the residual PAH after the first 
stage of release is difficult to eliminate by biodegradation (Alexander, 2000), implying that 
this fraction is less bioavailable. Therefore, identifying the fast-desorbing fraction of PAHs is 
a reasonable and relatively direct methodology for estimating their bioavailability and has 
been the topic of many studies.  
2.4.2.1 Desorption kinetics measurement 
Various techniques have been developed to study bioavailability of PAHs in soil and 
sediments. In order to assess the bioavailable fraction, knowing the total concentration of the 
PAHs is essential and foremost. The total concentration is usually obtained and defined by 
exhaustive extraction of PAHs in soil samples, such as multi-step shaking extraction with 
strong solvents, soxhlet extraction, ultrasonic extraction (Brilis and Marsden 1990), 
microwave-assisted extraction (Lopez-Avila et al. 1995), pressurized liquid 
extraction/accelerated solvent extraction (Richter 1999), supercritical fluid extraction (SFE), 
and methanolic saponification (Eschenbach et al. 1994). 
Some extraction techniques employ non-exhaustive or “mild” organic solvents and 
relate the extracted fraction to the bioavailable fraction or loosely-bound fraction. Examples 
include cyclodextrin-based extraction (Reid et al. 2000; Cuypers et al. 2002), persulfate 
oxidation (Cuypers et al. 2000) and mild solvent extraction (for example, with n-butanol or 
methanol). 
Supercritical fluid extraction is classified in two categories, because the extraction 
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strength of SFE can be significantly varied over a wide range by changing fluid temperature 
and density. Szolar et al. (2004) used sequential SFE with increasing extraction strength 
(from “very mild” to “very harsh”) to measure desorption kinetics and final exhaustively 
extracted PAHs from different soil samples. 
Other approaches focus only on the PAHs desorbed from the soil phase. They involve 
an infinite sink for the desorbed hydrophobic compounds, and thus can be used to follow the 
time-course of concentration changes in the soil-water system without disturbing the 
on-going desorption. Desorption kinetics can be formulated from time-course data. The 
techniques include sorption to Tenax or XAD-2 beads (Cornelissen et al. 1997; Li et al. 
2005), gas purging (Resendes et al. 1992), SFE (Jonker et al. 2005), semipermeable 
membrane device (Booij et al. 1998), poly(oxymethylene)solid phase (POM) (Jonker and 
Koelmans 2001) , and polymer coated glass sheets or fibers (Wilcockson and Gobas 2001; 
ter Laak et al. 2006). 
Theoretically, the extraction strengths of all the above techniques range from low to 
high continuously, and should not be discrete. They would not perfectly represent the total 
PAH concentration, the bioavailable concentration and bioaccessible concentration, but they 
all give useful data for prediction of PAH desorption and biodegradation in 
field-contaminated soil. For instance, Cuypers et al. (2000) demonstrated that a three-hour 
persulfate oxidation would correspond well to residual PAH concentration after 21 days of 
biodegradation. Hawthorne et al. (2002) compared PAH desorption with XAD2 and 
supercritical CO2 extraction, and found that the fast-desorbing fraction was the 40-min 
fraction with supercritical CO2 while it was the 12-day fraction for water desorption. Another 
study of Hawthorne et al. (2001) observed that the use of shorter desorption times (2-4 days 
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for water and 20-40 min for SFE) showed excellent agreement (r2 > 0.9) with the removal of 
individual PAHs obtained with 147-343 days of field bioremediation. In a comprehensive 
study on rates of PAH desorption from contaminated soil and sediment from MGP sites, 
Loehr et al. (2003) observed that the rapidly desorbing fraction corresponding to the most 
bioavailable fraction of PAHs typically desorbs within 7 to 12 d. Another technique uses 
very different mechanisms to evaluate the desorption of PAHs. “Thermal program desorption 
mass spectrometry” is said to be able to obtain real-time PAH desorption data through use of 
a thermal program desorption probe, assuming the availability of a compound sorbed on a 
solid surface can be described by fugacity (Talley et al. 2004). 
2.4.2.2 Two-site desorption model 
Much work has been done to analyze the rates and extents of desorption of PAHs 
from soils with varying components (e.g., organic matter, NAPL, or mineral surface content), 
so various theories have been developed to explain the desorption mechanism and the 
desorption resistance phenomena. These theories have brought along different models, e.g., 
shrinking core model (SCM) (Wells et al. 2005), sorption-retarded pore diffusion model 
(SRPD) (Ahn et al. 2005), and organic matter diffusion model (OMD) (Pignatello and Xing 
1996). One popular empirical model is the two-site or two-compartment desorption model, 
which suggests that field-aged PAHs desorb via two distinct domains, one with a relatively 
fast diffusion mechanism and the other a much slower one (Shor et al. 2003; Loehr et al. 
2003).  
The equilibrium partitioning of a hydrophobic organic compound (HOC) between 
soils and the aqueous phase is closely related to the mass fraction of organic carbon in that 
soil (foc). If linear partitioning is assumed: 
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Cs = KpCw = KocfocCw   (2.1) 
Where Cs is the concentration of PAH present in the soil phase; Cw is the concentration of 
PAH present in the aqueous phase; Kp is the soil-water partition coefficient of the PAH; Koc 
is the organic carbon – water partition coefficient of the PAH; foc is the fraction of organic 
carbon in the soil. 
If there are assumed to be two soil organic carbon phases, “rubbery” and “glassy” 
SOM, a two-site desorption model is plausible for soils with SOM as the most important 
sorption domain. Assuming linear desorption from each of the sites with their individual rate 
constant, one of the expressions of the model can be described by the following equation: 
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where t is time (d); Ct is the concentration of PAH desorbed after time t (mg/kg dry soil); C0 
is the initial concentration of PAH in the soil; f is the fast-desorbing fraction; and k1 and k2 
are the first-order rate constants for fast and slow desorption, respectively. It has also been 
suggested that in a typical two-site model, k1 should be at least 10 times k2 (Hawthorne et al. 
2002; Loehr et al. 2003). Equation (2.2) could also empirically describe desorption of PAHs 
from soils with NAPLs as the dominant fast desorbing domain and with black carbon as the 
slowly desorbing domain. 
It was observed that desorption kinetics for very hydrophobic PAHs (Kow > 6) usually 
could not be well fitted by the two-site, or biphasic, desorption model (Loehr et al. 2003), but 
could be well described by a one-site model, assuming the PAHs were uniformly distributed 
in the soil aggregates. For less hydrophobic PAHs, a two-site model fitted better. A 
comparable three-site, or triphasic, model has also been proposed (Cornelissen et al. 1997; 
Gomez-Lahoz and Ortega-Calvo 2005; van den Heuvel and van Noort 2005). The two- or 
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three-site models have been criticized as being purely empirical (Wells 2005), but their rate 
terms can still be used to compare different systems or different experimental conditions. 
2.4.3 Biodegradation of PAHs 
Many PAHs are susceptible to biodegradation, which can mean either the complete 
destruction of the molecular structure to CO2 and water, or partial assimilation of the PAH 
molecule by physiological reactions catalyzed by microorganisms (Alexander 1999). In 
field-contaminated soil, the growth of PAH-degrading microorganisms is dominated by the 
low bioavailability and persistence of the PAHs (Semple et al. 2004), and cometabolism 
usually occurs, especially for the degradation of HMW PAHs (Kanaly and Harayama 2000). 
Despite the low bioavailability of PAHs to allow growth, PAH-degrading communities are 
able to develop in such environments through various mechanisms, such as enhanced 
cell-surface hydrophobicity, biofilm formation, biosurfactant production, and chemotaxis 
(Johnsen et al. 2005).  
2.4.4 The limiting step of biodegradation 
The biodegradation of PAHs in soil is a result of several processes, including the 
release from the soil, transport of the contaminants, and uptake by organisms. In order to 
improve the performance of bioremediation, it is of critical importance to determine which 
step is limiting biodegradation, the bioavailability or microbial factors. Huesemann et al. 
(2004) compared the rate of desorption and the rate of biodegradation of PAHs at different 
times during the slurry biotreatment of soil. If PAHs were biodegraded as fast as they were 
desorbed, desorption rates controlled biodegradation rates, namely, bioavailability is the 
limiting factor. If the biodegradation of PAHs was slower than desorption, it was limited by 
microbial factors instead. In this way, they found the biodegradation of LMW PAHs was 
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limited by bioavailability and HMW PAHs was limited by microbial factors. 
2.4.5 Strategies of enhancing performance of bioremediation 
When it is known which step is limiting the biodegradation, bioavailability of 
soil-bound PAH or microbial factors, strategies of improving the performance of 
bioremediation of PAH-contaminated soils can then be selected and implemented 
accordingly.  
If bioavailability is the limiting factor of PAH biodegradation, strategies of improving 
bioavailability should be effective in enhancing bioremediation performance. Such strategies 
include mechanical grinding and slurrying (White et al. 1998; Kim and Weber Jr. 2005), the 
addition of surfactants (Tiehm et al. 1997; Singer et al. 2000; Garcia et al. 2001; Gao et al. 
2008), the addition of cosolvents (Chen and Delfino 1997), and the addition of chelating 
agents (Yang et al. 2001; Subramaniam 2004).  
If the biodegradation of PAHs is limited by microbial factors, it is necessary to know 
whether it is because of the absence of degrading organisms, a lack of nutrients and/or 
oxygen, or other factors such as the presence of toxic or inhibitory compounds. 
Biodegradation could be enhanced by inoculation of efficient PAH-degrading organisms to 
the contaminated soil as a bioaugmentation strategy (Thompson et al. 2005; D'Annibale et al. 
2006), by addition of nutrients and supply of oxygen as a biostimulation strategy (Li et al. 
2005), or by addition of an inducer of PAH metabolism that might also be a selective carbon 
source for PAH-degrading bacteria (Powell et al. 2008). 
2.5 Anaerobic incubation 
Studies on effects of anaerobic incubation of PAH-contaminated soil are limited. It 
was found that the conformational structure of humic substances was altered as a result of 
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redox change under anaerobic conditions, and that the humic acids were more hydrophilic in 
the reduced state than the oxidized state (Coates et al. 2000). Pravecek et. al. (2005) have 
shown that anaerobic incubation of PAH-contaminated soil resulted in increased 
concentrations of PAH in the liquid phase, and that the microbial activity in those systems 
can influence PAH release by altering pH and dissolved organic matter (DOM). Kim and 
Pfaender (2005) confirmed that the DOM released under highly reduced conditions was more 
polar and aromatic, and had a higher sorption capacity for pyrene, than that released under 
relatively oxic incubations. These effects of anaerobic incubation of contaminated soils were 
believed to be mediated by microbial activity (Kim and Pfaender 2005; Pravecek et al. 2005). 
2.6 Effects of surfactant addition 
2.6.1 Surfactant characteristics 
The term “surfactant” is a contraction of the term surface-active agent. Surfactants 
are amphiphilic molecules, which means the molecule has a polar head, either charged or 
neutral, and a long-chain hydrocarbon tail. Surfactants are classified by the nature of their 
hydrophilic groups as anionic, cationic, zwitterionic or nonionic, or by their origin, synthetic 
or biogenic. The differences in the properties of the hydrophobic groups are not as obvious as 
that of the hydrophilic group. Generally, they are long-chain hydrocarbon residues. Due to 
the hydrophobic effect of the long hydrocarbon tail, in aqueous solution surfactant molecules 
tend to form micelles, which are aggregates of these molecules. Micelles form because the 
polar water molecules exclude the hydrophobic moieties of the surfactant into a hydrophobic 
region while leaving the charged or polar headgroups in contact with the aqueous phase 
(Attwood and Florence 1983). Partitioning of an otherwise water-insoluble or poorly soluble 
hydrophobic compound into the inner hydrophobic "core" of the micelles can greatly 
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enhance its apparent solubility in water. 
2.6.1.1 Critical micelle concentration 
An important term about surfactants is the critical micelle concentration (CMC). It is 
defined as the aqueous-phase concentration of a surfactant in solution above which the 
formation of micelles occurs. Actually, it is generally the concentration above which almost 
every measurable physical property that depends on size or number of micelles would change 
remarkably because of micelle formation. There are different shapes of micelles. Spherical, 
cylindrical, lamellar and vesicle micelles are the most common structures. The shape of a 
micelle depends on temperature, concentration of surfactant, aggregation number (number of 
monomeric surfactant units per micelle) and the space occupied by the hydrophilic and 
hydrophobic groups (Attwood and Florence 1983). The CMC is such an important parameter 
in surfactant-enhanced treatment that it is common to express the amount of surfactant added 
as the number of times the CMC for a specific surfactant.  
Two crucial properties of surfactants related to micelle formation are solubilization 
and emulsification. Thus surfactants have generally been used as solubilizing agents and 
emulsifiers in enhancing desorption and biodegradation of hydrophobic contaminants in 
soils. 
2.6.1.2 Solubilization of PAHs by surfactants 
Solubilization can be defined as the inclusion of normally hydrophobic or only 
slightly polar materials into micelles in aqueous solution. This process is spontaneous. In this 
sense, the micelles can be regarded as a pseudo-phase other than the aqueous phase. In the 
present study, the term liquid phase means the combination of the micellar pseudo-phase and 
the aqueous phase. This will result in an increased apparent aqueous solubility (Capp) of the 
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compound which is the sum of the true aqueous (Caq) and micellar (Cmic) PAH 
concentrations: 
Capp = Caq + Cmic   (2.3) 
The micellar-phase PAH concentration is typically modeled using a linear partition 
relationship
 
(Guha and Jaffé, 1996): 
Cmic = kmicSmicCaq (2.4) 
Where kmic is the PAH-micelle partition coefficient and Smic is the micelle 
concentration, which is the difference between the total surfactant concentration and CMC: 
Smic = Stot – CMC. 
Solubilization of insoluble compounds into water has great practical importance in 
surfactant-enhanced soil remediation. If the apparent solubility of an insoluble compound is 
plotted against the dose or concentration of surfactant added to water, the solubility is very 
small until the CMC is reached (Figure 2.4). Above the CMC, the solubility increases 
approximately linearly with the concentration of the surfactant.  
Much work has been done on various aspects of solubilization of PAHs with 
surfactants. For example, surfactants have been found to be able to greatly enhance the 
solubility of pure PAHs in water. Edwards et al. (1991) observed enhanced apparent 
solubilities of PAHs resulting from solubilization for four nonionic surfactants, and 
solubilization of each PAH started at the CMC and was proportional to the concentration of 
micellar surfactant. Depending on the surfactant concentration, surfactant solubilizaiton 
could increase apparent PAH solubilities by up to 80 times in excess of pure aqueous 
solubility. Similar observations were made by many other researchers (Kile and Chiou 1989; 
Jafvert et al. 1994; Badr et al. 2004; Paria and Yuet 2006). 
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Figure 2.4 The change of surface tension, amount of surfactant in micelles, and 
surfactant monomers as a function of the amount of surfactant added to the solution. 
 
Surfactants have been found to be able to enhance desorption of PAHs from NAPLs 
by solubilization (Garcia-Junco et al. 2003; Bernardez and Ghoshal 2004), enhance the 
solubilization of the NAPLs themselves (Butler and Hayes 1998; Johnson et al. 1999; Prak et 
al. 2000; Zhong et al. 2003), or enhance desorption of PAHs from NAPL-contaminated soils 
(Jayanti et al. 2002; Jawitz et al. 2003). Ramsburg et al. (2004) observed that the 
concentrations of tetrachloroethylene (another hydrophobic organic compound) were reduced 
by up to two orders of magnitude within the source zone after a solution of surfactant Tween 
80 solution was flushed.  
Other researchers have investigated the partitioning and desorption kinetics or other 
aspects related to solubilization. It was concluded that the octanol-water partition coefficient 
was the best correlating parameter of the partition coefficient between surfactant micelles and 
water after studying solubilization of organic compounds (Valsaraj et al. 1986). Bernardez et 
al. (2004) investigated the equilibrium solubilization behavior of naphthalene and 
0 Amount of surfactant 
added to the solution 
Surface tension 
Surfactant monomer concentration 
Amount of surfactant 
in micelles 
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phenanthrene from NAPLs by five different nonionic surfactants, and found that the extent of 
solubilization of the PAHs in the surfactant micelles increased linearly with the PAH mole 
fraction in the NAPL. They suggested that solubilization capacity of surfactants was 
correlated to their molecular structure. Interestingly, the solubilization extent and 
micelle-water partition coefficient of the PAHs increased with the size of the polar shell 
region of the micelles rather than the size of the hydrophobic core of the micelle. Hill et al. 
(2002) also had the same conclusion. In contrast, an increase in solubility of naphthalene was 
observed to occur with longer-chain hydrophobic tails while the length of the hydrophilic 
head group had little effect on solubilization (Paria and Yuet 2006). Competitive 
solubilization exists for mixed PAHs (Prak and Pritchard 2002). It was also observed by 
Bernardez et al. (2004) that the solubilization of phenanthrene by surfactants Brij 35 and 
Tween 80 was decreased in the presence of naphthalene as compared to systems that 
contained phenanthrene as the only solute 
Surfactants have also been found to be able to greatly enhance transfer of PAHs from 
soils by solubilization, which is discussed in detail in a later section. 
2.6.1.3 Emulsification of PAHs by surfactants 
Emulsification is the formation of emulsions from two immiscible liquid phases, 
where emulsion means a relatively stable suspension of liquid particles. Some surfactants 
with relatively strong hydrophobic groups can form water-in-oil (W/O) emulsions, and some 
other surfactants with a relatively strong hydrophilic group can form oil-in water (O/W) 
emulsions. Emulsions can be classified into three different types by the size of the dispersed 
particles (Rosen 1989): macroemulsions (particle sizes > 0.4 µm, opaque emulsions), 
miniemulsions (particle sizes 0.1-0.4 µm) and microemulsions (particle sizes < 0.1 µm, 
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transparent emulsions). Among these types, microemulsions may play an important role in 
enhancing the solubility of hydrophobic compounds in water. In the presence of a NAPL, one 
of the compartments that PAHs might reside in, surfactants concentrate at the NAPL-water 
interface, reducing the interfacial tension, which may cause dispersion of NAPL droplets and 
stabilization of emulsions. For example, it was observed that the apparent solubility of 
chlorinated solvents in microemulsion systems is at least one to two orders of magnitude 
higher than solubilization for the same surfactant concentration (Shiau et al. 1995). It was 
also found that formation of NAPL-in-water microemulsions facilitated the removal of 
NAPLs from contaminated soils (Jayanti et al. 2002; Ouyang et al. 2002). Churchill et al. 
(1995) observed that the two surfactants they used, Inipol EAP 22 and the biosurfactant 
rhamnolipid, were able to emulsify some hydrocarbons and make these compounds more 
available to microorganisms. Such surfactants form stable microemulsions in water and do 
not exhibit a distinct CMC (Sun and Boyd 1993). 
There is much potential in studying the effect of emulsification in surfactant enhanced 
biodegradation because much less work has focused on emulsification than on solubilization. 
Though bioreactor emulsification treatment was found to be valuable (Kan and Deshusses 
2006), the application of emulsification has limitations. The biggest concern with 
emulsification in situ is that a DNAPL might be mobilized and sink even deeper into an 
aquifer, making it more difficult to recover (Ouyang et al. 1995).  
2.6.1.4 Hydrophile-lipophile balance 
The hydrophile-lipophile balance (HLB) of a surfactant is a factor that quantifies the 
relative contribution of the hydrophilic moiety to the weight of the surfactant molecule. It 
also determines which form the surfactants will take in a solution. Surfactants with HLB 
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values of 3-6 are lipophilic and can be used to prepare water in oil (W/O) emulsions; 
surfactants with HLB values of 7-9 are wetting agents; surfactants with HLB values of 8-12 
can be used to prepare oil in water (O/W) emulsions; surfactants with HLB values of 12-15 
are usually used as detergents; and surfactants with HLB values of 15-20 are solubilizers or 
hydrotropes. More importantly, the HLB of a surfactant will determine the interactions 
between the surfactant and the organic contaminants, the aqueous phase and the soil. It has 
been suggested that the surfactants with an HLB higher than 10 are most successful in 
treating oil-contaminated soils (Volkering et al. 1998), although there is limited work in 
field-contaminated systems from which to draw such a conclusion. The work of Torres et al. 
(2005) showed that maximum biodegradation rates were observed at low HLB values after 
trying three surfactants with HLB values of 4.3, 11, and 15, respectively, for a 
diesel-contaminated soil. Their explanation was that water is emulsified into the oily fraction 
and microorganisms contained in the water are closer to the fraction to biodegrade, since low 
HLB surfactants can promote W/O emulsions. Moreover, although hydrophobic surfactants 
exhibit better solubilizing capacities, they could be tolerated by fewer bacteria (Cserhati and 
Szogyi 1991; Tiehm 1994). Besides the potential effect on biodegradation, HLB is important 
in choosing the ideal surfactant in order to minimize the loss of surfactant to sorption, which 
is discussed below. 
2.6.1.5 Sorption of surfactants to soil 
PAHs in a surfactant-amended soil system are partitioned in three separate 
compartments: soil phases, the micellar pseudo-phase, and the aqueous phase. A significant 
fraction of PAHs can be adsorbed to the soil phase and solubilized in the interior of 
surfactant micelles; in the aqueous phase or pseudo aqueous-phase, besides tiny amount of 
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freely dissolved PAHs, there exist PAHs associated with surfactant monomers (Edwards et al. 
1994). 
It is important to consider the sorption of a surfactant to soil, because it will lead to a 
higher surfactant dose to reach the CMC in a soil/water system than in a purely aqueous 
system. The sorption isotherm of nonionic surfactants in contact with soil usually follows a 
Langmuirian isotherm, and this sorption is generally reversible (Walters and Aitken 2001; 
Tadros 2005). However, the work of Brownawell et al. (1997) showed that Freundlich 
isotherms can also represent their experimental data well. Sorption of surfactants to soils is 
usually a significant part of surfactant loss in surfactant enhanced soil remediation. Grasso et 
al. (2001) found that below CMC more than 99% of the surfactant was sorbed to the solid 
phase. 
Sorption of a nonionic surfactant to soil is a phenomenon that depends on both the 
properties of the surfactant and the soil. In soils with rich content of hydrophobic substances 
such as black carbon and soil humus, hydrophobic surfactants (low HLB) would preferably 
sorb to the soil surface. In soils with large mineral surfaces and low organic matter, 
hydrophilic surfactants (high HLB) could sorb to the soil excessively. For example, the soil  
studied by Jahan et al. (1995) was characterized by a low foc (0.01%). Sorption of four 
nonionic surfactants to the sandy soil was, from greatest to smallest, Brij 35 (HLB: 16.9), 
Corexit 0600 (HLB: 15.0), Tween 40 (HLB: 15.6) and Triton X-114 (HLB:12.9), generally 
in the order from the most hydrophilic to relatively hydrophobic. On the contrary, the soil 
employed by Yeom et al. (1996) had a high organic matter content with an foc of 62%; the 
order of sorption to soil of the five surfactants they tested was Brij 30 (HLB: 9.7), POE(10) 
lauryl ether (HLB: 14.1), Triton X-100 (HLB: 13.5), Tween 80 (HLB: 15.0) and Brij 35 
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(HLB: 16.9), generally from the most hydrophobic to most hydrophilic. A similar study was 
conducted by Salloum et al. (2000) with a single nonionic surfactant (Triton X-100, HLB: 
13.6) but six different kinds of soils with various contents of organic matter and clay 
minerals. They found that the mole surfactant sorbed/g sorbent was greater for soils 
containing large amounts of smectite minerals and that nonlinearity of the Triton X-100 
sorption isotherm increased in samples low in organic carbon, which was probably due to the 
affinity of this relatively hydrophilic surfactant to the minerals. The X-ray diffraction 
analysis also showed that the ethoxylated group (hydrophilic head group) of Triton X-100 
intercalated with the soil mineral montmorillonite. This might be evidence that the main 
interaction of a hydrophilic surfactant and soils occurs on soil minerals. 
The sorption of a surfactant to soil can be relatively fast, but occurs at a time scale 
long enough to be accounted for in experimental work and field applications. The work of 
Aitken et al. (1998) showed that it can reach equilibrium in less than 48 hours. Thibault et al. 
(1996) also determined that equilibrium between the aqueous and soil phases was reached 
after 20 hours. It has also been shown that the apparent soil-water partition coefficient of the 
PAHs increases when the surfactant aqueous concentration changed from zero to around the 
CMC, followed by a decrease at surfactant aqueous concentration greater than CMC 
(Brownawell et al. 1997; Zhou and Zhu 2005). 
The sorption of nonionic surfactants depends on many parameters, such as surfactant 
structure and dose, salinity, pH, and Ca2+ (hardness) concentration in the system 
(Brownawell et al. 1997). According to Liu’s work (1992), sorption of micelle-forming 
surfactants onto soil was constant at surfactant concentrations above the CMC, and sorption 
of lamellae-forming surfactant onto soil was an increasing function of the surfactant 
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concentration above the CMC.  
If surfactant addition could enhance the biodegradation of hydrophobic contaminants 
at concentrations below the CMC (discussed below), there might be one advantage of the 
surfactant sorption to the soil: it could reduce surfactant toxicity to the microorganisms 
compared to soil-free microcosms (Tsomides et al. 1995) 
2.6.2 Surfactant-enhanced desorption of PAHs in soil systems  
2.6.2.1 Surfactant concentrations above the CMC (solubilization) in soil systems 
At surfactant doses sufficient to exceed the CMC in soil/water systems, the surfactant 
will solubilize hydrophobic contaminants initially associated with the soil. Thus, 
solubilization (which is typically measured by following the concentration of the 
contaminant in the liquid phase) is directly related to desorption, or the removal of the 
contaminant from the soil. Surfactants have been found to be able to greatly enhance transfer 
of PAHs from spiked soils (Chang et al. 2000; Badr et al. 2004; Cheng et al. 2004; Zhou and 
Zhu 2005; Yang et al. 2006) or from field-contaminated soils (Yeom et al. 1996; Grasso et al. 
2001; Torres et al. 2005) by solubilization.  
Solubilization only happens when the surfactant aqueous concentration is above the 
CMC. Yang et al. (2006) used as much as 10,000 mg/L (equilibrium concentration) mixed 
surfactants of TX100 and SDBS, two orders of magnitude higher than their CMCs, and 
solubilization of spiked phenanthrene from an artificially contaminated soil was in linear 
relationship with the surfactant concentrations in this range. When 
hydroxypropyl-β-cyclodextrin (HPCD) was used as a flushing agent, 80% of naphthalene and 
64% of phenanthrene recovery from a soil spiked with naphthalene and phenanthrene were 
observed (Badr et al. 2004). However, it was observed that for a relatively water-soluble 
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solute, such as naphthalene, the addition of surfactant TX100 did not reduce but increased the 
adsorption of solute into soil over the whole tested surfactant concentration range (Zhou and 
Zhu 2005). Thibault et al. (1996) tested the solubilization of pyrene from spiked soil at 
surfactant concentrations of 0, 2, 5, 10, and 20 times the CMC, and observed overall efficacy 
of the surfactants increased with increasing concentration. 
Studies on micellar solubilization of PAHs from field-contaminated soil are relatively 
scarce. In Yeom’s study (Yoem et al. 1995), up to 25% of soxhlet-extractable PAHs could be 
solubilized at surfactant loadings of 0.3 g/g of soil in 16 days at surfactant aqueous 
concentrations much larger than the CMC. In the work of Grasso et al. (2001), desorption 
ranging from about 8-18% was achieved within 3-7 days after adding surfactant at aqueous 
concentration of 5×CMC. 
Little work has been done directly on the kinetics of surfactant-enhanced abiotic 
desorption from soil compared with desorption using the technique of adding resin beads as 
an infinite sink of the PAHs. So far, only Yeom et al. (1996) and Grasso et. al. (2001) have 
carried out such experiments. Yeom et al. (1996) found PAH desorption in 
surfactant-amended soil was significantly faster and more extensive than desorption 
measured by the infinite sink method. They suspected it was due to desorption from soil 
organic matter in addition to micellar solubilization. This is interesting because it seems 
surfactant micelles can function just like those infinite sinks. The difference between these 
two approaches is that the resin beads absorb only the PAHs that have already entered the 
aqueous phase, while micelles can be regarded as a pseudo-phase that can directly contact the 
PAHs, following normal partition kinetics. 
The desorption of PAHs after surfactant addition, or solubilization of the PAHs, at 
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concentrations above the CMC is fast. Aitken et. al. (1998) found it would occur over similar 
time scales to that of sorption of the surfactant, in less than 48 hours in a field-contaminated 
soil. In Thibault’s work with spiked soil (1996), maximum desorption occurred after 
approximately 2 hours.  
Studies focusing on solubilization only should create abiotic conditions in order for 
contaminant loss from the soil not to be confused with biodegradation. Those studies on 
abiotic solubilization after surfactant addition at concentrations above the CMC generally 
have positive conclusions because all the adverse effects of large doses of surfactants (with 
respect to biological activity, as discussed below) were excluded.  
2.6.2.2 Surfactant concentrations below the CMC 
As stated in Section 2.2, PAHs in a surfactant-amended soil system are partitioned in 
three separate compartments: soil phases, micellar pseudo-phase, and the aqueous phase. In 
such a multiphase system, if the surfactant dose is sufficient to reach the CMC, the 
concentration of surfactant monomers in the aqueous phase is just equal to the CMC.  
The apparent solubility of some hydrophobic compounds, such as PAHs, PCBs, and 
DDT, can be enhanced by the presence of nonionic surfactant monomers at concentrations 
below the CMC in both soil-free and soil systems (Kile and Chiou 1989; Zhang and Miller 
1995), yet other studies showed no increase of the solubility of certain solutes under such 
circumstances (Moroi et al. 1983). This is probably because those solutes are too 
water-soluble to be sensitive to very dilute surfactant concentrations, according to Kile and 
Chiou (1989). For those compounds which have extremely low aqueous solubility, such as 
DDT and high-molecular-weight PAHs, the solubilization might be significantly enhanced 
by surfactant at concentrations below the CMC.  
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From the kinetic aspect, the rate of mass transfer from soil to the aqueous phase may 
depend on three parameters: the concentration gradient of PAHs at the soil-water interface, 
the area of the interface, and the mass transfer coefficient. For systems with surfactant 
concentrations greater than the CMC, the enhanced mobilization of PAHs is commonly 
attributed to the increased concentration gradient at the interface, resulting from the 
partitioning of PAHs into the micellar pseudo-phase. It was observed by Deitsch et al. (1995) 
that both the concentration gradient and mass transfer coefficient increased upon washing 
spiked soil with Triton X-100. They attributed the increased mass transfer coefficient to the 
change in the tortuosity of the soil organic matter caused by a reduction of interfacial tension 
between water and the SOM and/or swelling of the soil-organic matrix. Yeom et al. (1996) 
suggested that the enhanced diffusivity of PAHs in soil organic phases was a more important 
role than micellar solubilization in improving the mobility of PAHs from their test soil, even 
at surfactant doses leading to an equilibrium concentration greater than the CMC. 
The dispersive effects of surfactant in solid/liquid suspensions have been suggested to 
cause an increase in the apparent solubility of hydrophobic compounds at surfactant 
concentrations below the CMC (Churchill et al. 1995). The role of surfactants in dispersion 
involves wetting of the solid by the liquid, breaking of the aggregates and agglomerates 
(increased interfacial area), and milling of the resulting particles (reduction of interfacial 
tension) into smaller units (Tadros 2005). Surfactant addition has also been suggested to 
reduce the adhesion of coal tar to quartz sufficiently to ensure complete removal of coal tar 
from sandy soils (Dong et al. 2004). 
There is evidence that a small amount of surfactant can also enhance the 
bioavailability of organic pollutants at concentration ranges from around the CMC to as low 
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as 0.001·CMC. Torres et al (2005) added three surfactants at doses from 0.001-0.01CMC to a 
diesel-contaminated soil, and for Span 80, a maximum enhancement of 27% biodegraded 
was observed. Though their work was focusing on biodegradation rather than desorption, it is 
a common assumption that only desorbed organic compounds can be biodegraded. Their 
results also showed that diesel removal (measured as total petroleum hydrocarbons, or TPH) 
was an inverse function of the surfactant dose. 
Although evidence shows an increasing extent and rate of solubilization of 
hydrophobic contaminants using increasing doses of surfactant above the CMC, it is 
important to consider desorption of PAHs at low surfactant doses in soil that keep the 
aqueous concentration below the CMC. In bioremediation, large surfactant doses can create 
risks when there are microorganisms in the treatment system. For example, the increasing of 
bioavailability could come to a point where the existing microbial community is incapable of 
completely transforming the solubilized PAHs. Inhibitory by-products of incomplete 
microbial metabolism, such as quinones, could accumulate (Auger et al. 1995; Willumsen et 
al., 1999), which could greatly extend the bioremediation time period. In contrast, in batch 
and column biodegradation studies in soils spiked with phenanthrene, all four surfactants 
could enhance biodegradation of the model PAH phenanthrene at concentrations below the 
CMC and had no inhibitory or toxic effects (Jahan et al. 1997). However, sometimes 
surfactant addition can inhibit the desorption of hydrophobic compounds at low surfactant 
concentrations. Grasso et al. (2001) investigated the surfactant-enhanced desorption of PAHs 
from soil obtained from a contaminated site, and found that the PAH desorption was 
negligible when surfactant concentration was lower than twice the CMC. Apparent soil-water 
distribution coefficients of some hydrophobic organic compounds have been studied at 
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surfactant concentration below or above the CMC in a soil/water/micelle-forming Triton 
X-100 system: the coefficients increased with increasing surfactant dose at aqueous 
concentrations below the CMC, but decreased with increasing dose at aqueous concentrations 
above the CMC (Sun et al. 1995). This suggests that surfactant partitioning to soil can 
increase the overall sorptive capacity of the soil for hydrophobic contaminants. 
2.6.3 Surfactant-enhanced PAH biodegradation 
Much work has been done on surfactant-enhanced biodegradation of hydrophobic 
compounds. Surfactant addition has greatly increased the rate of biodegradation of sparingly 
soluble hydrocarbons when using pure bacterial cultures and hydrocarbons in soil-free 
systems (Churchill et al. 1995; Grimberg et al, 1996; Willumsen et al. 1998), in shake flasks 
with soil slurry (Providenti et al. 1995; Torres et al. 2005), in slurry-phase bioreactors (Fava 
et al. 1998; Kim and Weber 2005), or in an aerobic column containing contaminated soils 
(Ducreux et al. 1997; Tiehm et al. 1997). Among hundreds of publications about 
surfactant-enhanced PAH biodegradation, only the work of Yeom et al. (1995), Deschênes et 
al. (1996), Tiehm et al. (1997), Kim and Weber (2005) and Lei et al. (2005) were based on 
field -contaminated soils. The majority of the others utilized spiked or artificial soils or were 
conducted in soil-free systems. Some other studies did involve field-contaminated soil, but 
the methodology did not address the effect of surfactants on the native contaminants. For 
example, the work of Providenti et al. (1995) involved field-contaminated soils, but they 
spiked labeled [14C]phenanthrene to that field-contaminated soil, assuming the fraction of 
labeled phenanthrene was constant among total phenanthrene in the soil. They then measured 
mineralization by scintillation counting. This assumption might be wrong because the most 
bioavailable phenanthrene would be the newly spiked amount. To my knowledge, no one has 
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done any work on surfactant addition to field-contaminated soils that have already been 
subjected to bioremediation or other types of treatment. The use of surfactants in such 
systems could enhance the removal of the less readily bioavailable fraction of the 
contaminants. 
Results of previous studies on effects of surfactants have included stimulation, no 
effect, or inhibition of biodegradation of hydrophobic contaminants. In Rasiah’s work (1993), 
carbon mineralization rates (CMR) were examined; a nonionic surfactant and an anionic 
surfactant enhanced CMR during the two-week period as emulsifiers. They also found that 
the surfactant which produced the greatest enhancement in CMR was also the most 
biodegradable under the test conditions, suggesting cometabolism might exist. Singer et al. 
(2000) used a surfactant, sorbitan trioleate, as both a carbon substrate for the inocula and as a 
detergent for the mobilization of PCBs, which resulted in 55-59% PCB removal. Garcia et al. 
(2001) observed that Brij 35 could accelerate dissolution and biodegradation of solid 
dibenzofuran by a factor of 2.  
Marginal enhancements or no effect on biodegradation of organic hydrophobic 
compounds after surfactant addition have been reported. The effect has been suggested to be 
marginal on the rate of degradation of more water-soluble compounds (Churchill et al. 1995). 
Addition of the surfactant Triton X-100 had no effect on enhancing the extent of degradation 
of PAHs from a field-contaminated soil (Lei et al. 2005). Garcia et al. (2001) observed a 
slow initial biodegradation rate of dibenzofuran in the presence of Brij 35. They proposed 
that the surfactant temporarily suppressed the contact between bacteria and the sorbent, 
which affected the gradient of the dissolved dibenzofuran concentration between the sorbent 
and the cells. Preferential utilization of readily degraded surfactants has been observed and 
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the PAHs released from the destabilized micelles either associated with sorbed-phase 
surfactants or re-adsorbed to soil organic matter too rapidly to be biologically accessed 
(Yeom et al. 1995; Kim and Weber 2005). 
2.6.3.1 Inhibitory effects of surfactant addition 
The inhibited biodegradation of hydrocarbons might be related to high surfactant 
concentrations or to concentrations above the CMC (Rouse et al. 1994; Providenti et al. 1995; 
Tsomidess et al. 1995; Deschênes et al. 1996). Some studies found that Triton X-100 
monomers are non-toxic and the toxic effects of Triton X-100 were caused by 
surfactant-micelle/cell, rather than by surfactant-monomer/cell interactions (Laha and Luthy 
1992; Willumsen et al. 1998). Laha et al. (1991) found that the inhibition of phenanthrene 
mineralization was reversible on diluting the surfactant to a concentration below the CMC. 
Several explanations might cause this phenomenon, as discussed in the following paragraphs. 
First, the surfactant added might be toxic to the PAH degraders. Surfactant toxicity is 
primarily determined by its adsorption tendency and the ease of its penetration into the cell 
membrane (Rosen et al. 2001). Willumsen et al. (1998) reported that the amendment of 
Triton X-100 completely inhibited fluoranthene mineralization and reduced cell culturability 
by 100% in 24 h, and the general toxic effect of Triton X-100 was confirmed by glucose 
mineralization tests.  The underlying mechanism of a surfactant’s toxicity could be 
miscellaneous interactions of surfactants with cells, such as the interactions with cell 
membranes and proteins (especially enzymes) and dissolution of cell membranes at high 
surfactant concentrations (Attwood and Florence 1983). 
Second, surfactant addition could significantly affect PAH metabolism even though 
the surfactants themselves are nontoxic, which usually means the accumulation of 
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incompletely metabolized inhibitory by-products. Auger et al. (1995) observed increasing 
bioavailability of naphthalene upon surfactant addition, but increasing bioavailability further 
was found to reduce growth rate. The toxicity of the surfactant was excluded because a 
control experiment was performed where the same culture was grown on glucose or 
succinate both in the absence and presence of surfactant, and no effect was shown. UV 
absorption measurements confirmed that the by-product of incomplete metabolism of 
naphthalene, 1,2-naphthoquinone, was formed in the presence of the surfactant. Auger et al. 
(1995) attributed the incomplete metabolism of naphthalene to the “overflow metabolism” 
which happens when the parent compound is abundant while bottlenecks exist in 
metabolism.  
Third, although micelles play an important role in solubilization of PAHs, the PAHs 
partitioned in surfactant micelles sometimes might not be directly bioavailable for 
microorganisms. Volkering et al. (1995) reported limited bioavailability of micellar enclosed 
BaP for biodegradation, but this inhibition may be due to biological reasons. Only if the 
micellar PAHs can be released, the biodegradation of them can be enhanced (Guha and Jaffé 
1996). Other evidence was reported as well that naphthalene and phenanthrene partitioned in 
surfactant micelles are not directly bioavailable (Grimberg and Aitken 1995; Guha and Jaffé 
1996). Grimberg et al. (1996) quantified the biodegradation of phenanthrene in the presence 
of surfactant micelles and concluded that whether an inhibitory effect would occur depended 
on the kinetic coefficients for the PAHs exiting the micelles, the rate of biodegradation 
(assuming that microorganisms do not have direct access to the PAHs inside micelles), and 
whether there is excess (nonaqueous) phenanthrene present in the system. If there is no 
excess of a hydrophobic contaminant in undissolved form, then partitioning into surfactant 
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micelles reduces the concentration in the aqueous phase that would be directly available for 
biodegradation. Some other researchers believe that a fraction (f) of micellar-phase HOC is 
directly bioavailable to bacterial cells (Guha and Jaffé 1996; Brown 2007). They defined the 
bioavailable HOC concentration (Cbio) as the following: 
Cbio = Caq + fCmic  (2.5) 
where f is the fraction of micellar HOC that is directly bioavailable, Caq and Cmic are the 
aqueous and micellar HOC concentrations respectively. Brown (2007) has postulated a 
hemi-micellar process to describe the pathway for HOC molecules which are directly 
available to cells. Guha and Jaffé (1996) found that the available fraction of phenanthrene in 
surfactant micelles can vary, depending on the surfactant used. Consistent with this 
hypothesis, fluoranthene sequestered in Triton X-100 micelles appeared to be less available 
to a degrader strain than fluoranthene in Tween 80 micelles (Willumsen et al., 1998). Li and 
Bai (2005) suggested that higher surfactant concentrations might result in the formation of 
more compacted micellar structures, which could cause the PAHs partitioned in the micellar 
phase to be less bioavailable. 
Finally, surfactant degradation may compete with PAH degradation because soil can 
contain more surfactant-degrading microorganisms than PAH degraders (Makkar and 
Rockne 2003). In Tiehm’s (1997) column study, the degraders of both PAHs and the 
nonionic surfactant Arkopal N-300 were counted during surfactant washing. Arkopal N-300 
was degraded rapidly; the surfactant-degrading bacteria grew fast, with a doubling time of 
4.7 h; and the surfactant degraders outnumbered the phenanthrene degraders by 
approximately two orders of magnitude. One explanation of inhibition of PAH degradation 
caused by surfactant degraders is that the rapid degradation of surfactant can result in 
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depletion of oxygen (Thiem et al., 1997). 
It was reported that addition of surfactant was ineffective owing to the stimulation of 
surfactant degraders at the expense of PAH degraders (Deschęnes et al. 1996). As a result, 
the micellar PAHs are likely to rebind to soil after the micelles are consumed by surfactant 
degraders. To avoid the rebinding, a two-step approach, soil washing followed by 
biotreatment, was proposed by Pinto and Moore (2000), which resulted in oxidation of up to 
90% of spiked 14C-pyrene in the effluent in 2 weeks. Tween surfactants as a carbon source 
resulted in destabilitzation of micelles, and the phenanthrene released to the aqueous phase 
then recrystallized (Kim and Weber Jr. 2003). What should be noted is that, even if the PAHs 
rebind or recrystallize, they might still be more accessible than before solubilization because 
they are not in an “aged” form.  
2.6.4 Selection of appropriate surfactants 
Selection of the right surfactant and dose is of crucial importance to the 
biodegradation process. Numerous surfactants have been tried to enhance the soil 
remediation by researchers, but usually the selection involves a trial-and-error process. 
However, there are still some criteria in surfactant selection, such as its solubilizing power, 
low toxicity to bacteria and low sorption to soils. 
2.6.4.1 Cationic, anionic and nonionic surfactants 
Because clays are negatively charged, cationic surfactants would irreversibly sorb 
onto clay in soils. As a result, it would be more difficult for the PAHs to be mobilized from 
the soils. Cationic surfactants are not normally chosen also because of their ability to disrupt 
the cell membrane of microorganisms.  
The major disadvantage of using anionic surfactants is that they are susceptible to 
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precipitation with cations such as Ca2+ and Mg2+ in a soil/water system. However, anionic 
surfactants with twin head groups can exhibit lower losses (due to precipitation or sorption) 
in the subsurface compared to a single hydrophilic head group surfactant; one example is 
disulfonate as compared to monosulfonate (Rouse and Sabatini 1994).  
Though the disadvantages of ionic surfactants as a flushing agent exist, ionic 
surfactants could be utilized to modify the soil in order to modify the bioavailability of the 
sorbed hydrophobic organic compounds. When the soil is modified by cationic surfactants, 
the soil-water partitioning coefficients for HOCs can increase by more than 100 times, 
resulting in enhanced sequestration of these contaminants (Zhu et al. 2003). This technology 
might be useful for managing contaminant plumes by minimizing further contamination of 
the aquifer and reducing downgradient contaminant concentrations in groundwater, but as I 
mentioned in section 2.2.1, the potential risk of the contaminant remaining would increase. 
When considering the selection of a surfactant as an agent for remediation of a large 
contaminated site, not only the solubilization efficiency must be considered, but cost 
effectiveness and the biodegradability of surfactants themselves are very important too. It is 
inappropriate and unwise to create secondary contamination in order to remove certain 
contaminants. Ionic surfactants are generally abandoned due to such concerns. In contrast, 
nonionic surfactants neither hydrolyze in water nor form salts with metals, many are 
non-toxic, and thus they are popular agents for soil remediation. 
2.6.4.2 Synthetic surfactants and biosurfactants 
So far, most research on surfactant-enhanced biodegradation of PAHs has been based 
on the use of synthetic surfactants. Synthetic surfactants are usually applied as mixtures 
because they perform better than a single component. Sometimes, two or more nonionic or 
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anionic surfactants are mixed to decrease the sorption loss. Mixing a nonionic and an anionic 
surfactant at a certain ratio could be more efficient in enhancing solubilization or desorption 
of PAHs than each of the individual surfactants due to the low sorption loss of the mixed 
surfactants to soil (Yang et al. 2006). However, an opposite result was observed by other 
researchers that the mixture of nonionic and cationic surfactants reduced micellar 
solubilization because the surfactant molecules may be more closely packed due to a 
reduction in electrostatic repulsion among the surfactant heads (Paria and Yuet 2006). 
Some investigators have used biosurfactants to enhance the removal of hydrocarbons 
from soil because the biosurfactants are believed to be nontoxic and readily biodegradable 
(Scheibenbogen et al. 1994; Churchill et al. 1995; Garcia-Junco et al. 2003). Many of the 
microorganisms that can grow on hydrocarbons as sole carbon sources are able to produce 
biosurfactants that lower the surface tension of the growth medium and may serve to 
emulsify or solubilize the growth substrate. Biosurfactants may render the charged cell 
surface hydrophobic, thereby facilitating the attachment and passive uptake of hydrocarbons 
into the cell (Ramsay et al. 1988). The major classes of biosurfactants include glycolipids, 
phospholipids, fatty acids, lipopeptides/lipoproteins, and biopolymeric surfactants (Volkering 
et al. 1998).  
Makkar and Rockne (2003) have summarized the research using synthetic surfactants 
and biosurfactants: biosurfactants have the ability of solubilize PAHs similar to synthetic 
ones, and have several additional advantages as well. They are readily biodegradable and 
often nontoxic to microorganisms. However, according to their comparison, the 
biosurfactants’ effects on bioremediation in situ are not always predictable. 
 Recently, a type of engineered polymeric nanoparticle was found to be useful in 
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increasing the bioavailability of a sequestered model PAH, phenanthrene. The synthesis of 
these particles was inspired by the structure of surfactant micelles. It has been suggested that 
the nanoparticles would interact with microorganisms much less than a surfactant would, 
thus reducing potential inhibitory effects (Kim et al. 2000; Tungittiplakorn et al. 2005). 
2.6.4.3 Toxicity and biodegrability of surfactants 
Due to the loss of surfactants by sorption to soil, usually greater amounts of surfactant 
are required in remediation of field contamination. Therefore, the toxicity of the surfactant 
and its metabolic products is one of the most important criteria for the selection of surfactant. 
Many nonionic surfactants, particularly those without branched or aromatic hydrophobic 
moieties, are considered non-toxic (Shiau et al. 1995). Tiehm et al. (1994) concluded that the 
toxicity of surfactants was related to the surfactant’s lipophilicity (hydrophobicity). Jahan et 
al. (1995) stated that surfactant toxicity sometimes was associated with the concentration 
above the CMC and would decrease after diluting the surfactant to a concentration below 
CMC values. 
Biodegradation of the surfactants is more difficult when the hydrophobic part of the 
surfactant molecule is branched and the length of the chain is increased. Also, aromatic rings 
in the hydrophobic moiety might make the surfactants further resistant to biodegradation. 
The biodegrability of surfactants has both positive and negative effects in bioremediation. 
The positive facet is that they would not cause extra long-term contamination and sometimes 
cometabolism helps to stimulate biodegradation. The negative facet can be caused by 
depletion of nutrients or oxygen, formation of toxic by-products, or selecting surfactant 
degraders over pollutant degraders. Some surfactants are classified as “edible” surfactants, 
with U.S. Food and Drug Administration (FDA) direct food additive status (Shiau et al. 
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1995), but the rate of surfactant biodegradation can’t be too short, or the temporary existence 
of surfactant micelles would not function to solubilize the target contaminants.  
2.6.4.4 Trade-offs 
There is competition between the surfactant micelles or monomers in the bulk 
solution and the surfactant sorbed onto the soil matrix as a sorbent. Edwards et al. (1994) 
introduced the term "solubilization efficiency" to consider the net effect of these two 
processes, the mass of PAHs solubilized from the soil per unit mass of nonionic surfactant 
applied to the system. Overall, the optimum surfactant and its optimum dose would lead to a 
significant increase in the rate of PAH desorption while minimizing surfactant losses and, 
therefore, cost.  
2.6.4.5 Other factors that influence surfactant-enhanced bioavailability of PAHs 
Besides the properties of the surfactants (e.g. HLB, dose), some other external factors 
would influence the performance of surfactant to different extents. An experimental design 
that involved the considerations of all these factors can minimize the number of trials needed. 
pH: The pH has a small but detectable effect on a surfactant’s sorption to soil. In 
general, decreasing pH increases the sorption (Brownawell et al. 1997). Also pH is important 
in that it can determine the toxicity of many ionic surfactants. However, it is important to 
maintain a pH that is compatible with biodegradation. 
Salinity: Balancing the surfactant system using salinity is a common approach 
utilized in surfactant-enhanced oil recovery (Shiau et al. 1995). Effects of aquifer salinity on 
the formation of oil-in-water microemulsions to facilitate biodegradation were significant 
(Ouyang et al. 2002). However, Brownawell et al. (1997) found only a slight influence of 
salinity on the sorption of surfactant to soil. 
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Contaminant aging: The reported PAH solubilization from spiked soils appears to be 
much higher than that from field-contaminated aged soils (Carmichael et al. 1997). This is to 
be expected, because the aging process would make the contaminants much less accessible 
for solubilization. 
Soil/water ratio: Consistent with losses of surfactant by sorption to soil, the greater 
the soil/water ratio, the greater the surfactant dose required to decrease the surface tension to 
a certain point (Liu et al. 1992). 
Molecular weight: It has been demonstrated that surfactant micelles have a higher 
solubilizing capacity for lower molecular weight PAHs than for PAHs with a higher 
molecular weight (Edwards et al. 1991). However, a pattern related to PAH hydrophobicity 
(molecular weight) was not observed by Grasso et al. (2001). This resulted from competitive 
behavior among various PAHs for partitioning into micelles. Acceleration of PAH 
degradation was most pronounced for the PAHs with three and four rings. 
Temperature: Torres et. al. (2005) studied the effect of temperature on the 
enhancement of surfactant addition, and observed maximum biodegradation rates at higher 
temperatures over a range from 10.8 to 35 ˚C. However, in situ temperatures in the 
subsurface might be substantially lower than in the laboratory.  
Some investigators have studied the multiple effects of several different parameters in 
some matrix experimental designs. For example, Torres et al. (2005) examined the effects of 
HLB, surfactant dose, and temperature statistically, and they found that temperature mostly 
affected the biodegradation, followed by HLB and surfactant dose. In another study, the 
factors influencing the biodegradation of PCBs in soil were, from greatest to least, the 
surfactant type, surfactant dose and C/N/P ratio (Rojas-Avelizapa et al. 2000). 
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2.6.5 Impact of surfactant addition on microbial community 
The addition of surfactant in a biotreatment system is likely to bring some changes in 
both the PAH-degrading strains and microbial community structure. Some studies have been 
done to investigate those changes by applying various techniques. Willumsen et al. (1998) 
investigated the response of two strains of fluoranthene-degrading bacteria to surfactant 
addition by determining the changes in culturability and cell wall permeabilization as shown 
by transient coloring of surfactant-containing media. Carmichael and Pfaender (1997) 
evaluated the effects of two surfactants on phenanthrene-degrading microorganisms in 
contaminated soil from a wood-treatment site, using most-probable-number (MPN) 
enumeration; neither surfactant led to a significant change in the number of phenanthrene 
degraders after a one-week incubation. Tiehm et al. (1994) simply measured the increase in 
protein as an indication of increase in biomass after surfactant addition. 
Other studies have followed changes in the microbial community as a result of 
surfactant addition in soils spiked with PAHs, using “fingerprinting” methods such as 
denaturing-gradient gel electrophoresis (DGGE) analysis (Colores et al. 2000) and 
phospholipid fatty acid (PLFA) profiles (Joner et al. 2001). In neither case was it possible to 
quantify the effects of the surfactant on the PAH-degrading organisms. In the study of 
Colores et al. (2000), DGGE of 16S rRNA gene segments showed that the dominant groups 
were replaced with other groups of bacteria at elevated surfactant levels. They also isolated 
and enriched the hydrocarbon and surfactant degraders. Three of the five bands from DGGE 
were matched to the isolates, suggesting that some relevant degraders responsible for 
hydrocarbon and surfactant degradation in situ were isolated. They also suggested that 
isolates were not found for two pronounced bands of DGGE because the organisms might be 
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adapted to low bioavailability environments, and the lack of soil might exclude their 
enrichment. Overall, evaluations of the effects of surfactant addition on indigenous 
microorganisms in field-contaminated soil are sparse. 
 
3. Effects of Anaerobic Incubation on the Desorption of 
Polycyclic Aromatic Hydrocarbons from Contaminated Soils 
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3.1 Abstract 
Incubation of field-contaminated soil under anaerobic conditions can lead to increased 
mobilization of polycyclic aromatic hydrocarbons (PAHs) into water. In the present study, 
we evaluated the effects of anaerobic incubation on the rate and extent of desorption of PAHs 
from two field-contaminated soil samples. One was a highly contaminated soil from a former 
wood-preserving site that had not been subject to previous treatment; the other was a soil 
from a former manufactured-gas plant site that had been treated in an aerobic bioreactor. A 
two-site desorption model was applied to quantify the fast and slowly desorbing fractions of 
each PAH and the corresponding first-order rate constants for each fraction. For most of the 
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PAHs, the total amount desorbed after 18 d from anaerobically incubated samples was 
significantly greater than that from their counterparts not subjected to anaerobic incubation, 
but the overall effect was modest. The rate constant corresponding to the slowly desorbing 
fraction (k2) was much higher for the samples incubated under active anaerobic conditions 
than that for the controls, implying anaerobic incubation had the greatest influence on the soil 
compartments controlling the slow release of PAHs. Anaerobic incubation had little to no 
effect on the rapidly desorbing fraction. 
3.2 Introduction 
Polycyclic aromatic hydrocarbons are commonly found in contaminated soils at 
manufactured gas plant (MGP) sites (US EPA, 2004) and at wood-preserving sites 
contaminated with creosote (US EPA 1990, 1993). Although the total amount of PAHs in 
soil can be readily quantified by common exhaustive extraction methods, these methods do 
not distinguish between more or less bioavailable fractions of a given PAH. The amount of a 
given PAH that can be released relatively rapidly from the solid phase to an aqueous medium 
is commonly regarded as the bioavailable fraction (Cornelissen et al. 1998, Jonker et al. 
2002). The bioavailable fraction determines the amenability of the soil to biological treatment 
as well as the potential risk posed to the environment and to human health (Ehler and Luthy, 
2003, Jonker et al. 2005). 
PAHs can sorb to any of several components of the solid phase, including natural soil 
organic matter, soot or other forms of black carbon, or the nonaqueous-phase liquid that 
originally contaminated the soil. The distribution of PAHs in these compartments depends on 
the nature of the original contamination (e.g., as liquid industrial byproducts, such as tar or 
creosote, or by combustion) and the affinity of a given PAH for each compartment. The 
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kinetics of PAH desorption into water often show a biphasic behavior: a relatively fast initial 
desorption followed by a much slower release, and often the desorption curve will reach a 
non-zero asymptote (Loehr et al. 2003). The most common way to quantify this behavior is 
the "two-site" model, which assumes desorption occurs from two different sites or 
compartments in the soil, each following first-order kinetics (Cornelissen et al. 1997; 
Howthorne et al. 2001; Shor et al. 2003). A comparable three-site, or triphasic, model has 
also been proposed (Cornelissen et al. 1997; vanDenHeuvel and vanNoort 2003; 
Gomez-Lahoz and Ortega-Calvo 2005). These models have been criticized as being purely 
empirical (Wells et al. 2005), but their rate terms can still be used to compare different 
systems or different experimental conditions. 
Pravecek et. al. (2005) have shown that anaerobic incubation of PAH-contaminated 
soil resulted in increased concentrations of PAH in the liquid phase, and that the microbial 
activity in those systems can influence PAH release by altering pH and dissolved organic 
matter (DOM). Kim and Pfaender (2005) confirmed that the DOM released under highly 
reduced conditions was more polar and aromatic, and had a higher sorption capacity for 
pyrene, than that released under relatively oxic incubations. To our knowledge, no work has 
been done to investigate the corresponding effect of anaerobic incubation on rates of PAH 
desorption from the solid phase in field-contaminated soils. In the present study, we 
investigated the effect of anaerobic incubation on two field-contaminated soils, one that had 
been treated in a slurry-phase bioreactor and the other not previously subjected to 
bioremediation. 
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3.3 Materials and Methods 
3.3.1 Soils and anaerobic incubation conditions 
Two samples derived from soils historically contaminated with PAHs were used for 
this study. A sample from a former wood-preserving site contaminated with creosote was 
used to evaluate the effects of anaerobic incubation on a soil that had not been subject to 
bioremediation. Approximately 1.5 kg of the soil from that site was packed into and 
incubated in a 1-liter column under continuous flow for a total of 415 d. The flow rate was 
varied from 144 ml/day to intermittent flow averaging 150 ml/week. Mobile phase was a 
degassed trace nutrient solution that contained nitrate and molasses (0.3% w/v) for the first 
72 days, from day 73 to day 142 the solution contained only molasses, and after that only the 
trace nutrient solution was used. Mobilization of PAH contamination was observed over the 
course of the anaerobic incubation (details to be reported elsewhere). Following completion 
of the anaerobic incubation the column was flushed at a rate of 1 ml/min with de-ionized 
water for approximately 72 h. Soil was removed from the column and stored in jars with a 
minimal headspace at 4 °C prior to use. Subsequent desorption experiments were conducted 
with both the untreated wood-preserving soil (WP sample) and anaerobically incubated soil 
removed from the column (WPA sample). The WPA soil was first placed in an anaerobic 
chamber (Coy Laboratory Products, Grass Lake, MI) for one week of further anaerobic 
incubation before initiating the experiment. The anaerobic chamber contained an atmosphere 
of 0.02% H2 in N2. 
The second sample was slurry from a laboratory-scale, aerobic bioreactor used to treat 
soil from a former manufactured-gas plant (MGP) site. This sample was selected to evaluate 
the effects of anaerobic incubation on a soil already subjected to aerobic bioremediation, 
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such that the most readily bioavailable fractions of the PAHs were already removed. The 
reactor had a working volume of approximately 2.5 liters with a solids concentration of 20%, 
was continuously stirred and aerated, and was operated in a semi-continuous mode at a solids 
retention time of approximately 70 d (replacement every two weeks of 20% of the treated 
slurry with fresh untreated soil in a pH 7 buffer containing 10 mM phosphate and 2.3 mM 
NH4NO3). Soil slurry was removed from the reactor and split into replicate sub-samples. For 
each sub-sample, approximately 3–4 g (wet wt.) of centrifuged slurry was added to a 50-ml 
serum vial containing an aqueous phase as described below. To evaluate the influence of 
simple incubation with an anaerobic headspace compared to active anaerobic conditions, one 
set of vials was incubated in the anaerobic chamber for 13 d before the desorption experiment 
(sample set AH) and a second set was amended with molasses (0.3% v:v) and incubated in 
the anaerobic chamber for 13 d (sample set AM). A set of control vials was placed directly in 
a shaker to start the desorption experiment immediately after sampling from the bioreactor 
(sample set C). The 13-d incubation period for sample sets AH and AM was selected by 
following the oxidation-reduction potential (ORP) in each vial until the ORP of the sample 
AM vials dropped to about -330 mV. The aqueous phase for sample sets AH and AM 
consisted of 4.26 g/l Na2HPO4, 3.0 g/l KH2PO4, 0.2 g/l MgCl2 (set AM) or 0.12 g/l MgSO4 
(set AH), and 0.01 g/l CaCl2. The final pH was 7. Sample AM vials were amended with 1.0 
g/l NH4Cl to stimulate biological activity and sample AH vials were amended with 4.15 g/l 
NaN3 to inhibit any potential aerobic biological activity. After incubation, vials representing 
sample sets AH and AM were centrifuged and the solids resuspended into the medium used 
for the desorption experiments described below. 
Concentrations of PAHs in the WP, WPA, and aerobically pre-treated MGP soils are 
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summarized in Table 3.1. 
Table 3.1 Concentrations of PAHs in soil samples used in desorption experiments 
Concentration (mean ± std. deviation, mg/kg) 
PAHa 
WP soil WPA soil MGP soil 
NAP 318 ± 19 253 ± 26 17.7 ± 0.8 
ACE 800 ± 23 831 ± 45 0.66 ± 0.10 
FLU 825 ± 21 969 ± 50 1.84 ± 0.22 
PHN 3,740 ± 81 3,360 ± 143 14.2 ± 1.2 
ANT 496 ± 13 471 ± 25 3.53 ± 0.41 
FLA 3,060 ± 69 2,680 ± 132 36.3 ± 3.5 
PYR 1,860 ± 89 1,760 ± 73 42.4 ± 1.2 
BaA 523 ± 12 462 ± 23 17.0 ± 0.8 
CHR 576 ± 20 569 ± 25 27.0 ± 1.1 
BbF 404 ± 29 408 ± 27 29.2 ± 1.7 
BkF 185 ± 4 170 ± 7 13.5 ± 0.6 
BaP 341 ± 11 311 ± 18 37.4 ± 1.2 
DbA 24.7 ± 3.2 29.3 ± 1.3 3.83 ± 0.52 
BgP 174 ± 22 202 ± 16 32.2 ± 1.2 
Total 13,300 12,500 277 
 
a
 Abbreviations: NAP, naphthalene; ACE, acenaphthene; FLU, fluorene; PHN, phenanthrene; 
ANT, anthracene; FLA, fluoranthene; PYR, pyrene; BaA, benz[a]anthracene; CHR, 
chrysene; BbF, benzo[b]fluoranthene; BkF, benzo[k]fluoranthene; BaP, benzo[a]pyrene; 
DbA, dibenz[a,h]anthracene; BgP, benzo[g,h,i]perylene. 
 
3.3.2 Other materials 
Tenax TA® (60/80 mesh) was obtained from Alltech (Deerfield, IL). Before use, 
Tenax beads were cleaned by soxhlet extraction in 50:50 acetone:hexane overnight, rinsed 
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with methanol, and air-dried. Dichloromethane and methanol (HPLC grade) were obtained 
from Burdick & Jackson (Muskegon, MI). Acetone (ACS grade) was obtained from 
Mallinckrodt Baker, Inc. (Phillipsburg, NJ). Hexane (HPLC grade) was obtained from 
Sigma-Aldrich (St. Louis, MO). Acetonitrile (HPLC grade) was obtained from Caledon 
Laboratories LTD. (Georgetown, Ont., Canada). Reagent water (18 Mohm) was obtained 
from reverse osmosis-treated water supplied to the laboratory followed by point-of-use 
treatment by deionization and resin sorption for residual organics removal (Pure Water 
Systems, Hillsborough, NC). 
3.3.3 Desorption experiments 
The desorption of PAHs from the soil samples (WP, WPA, AH, AM and C) was 
carried out using Tenax beads as an infinite sink for uptake of desorbed PAHs from the 
aqueous phase. For each replicate, approximately 3–4 g of wet soil was suspended in 25 ml 
of a medium (pH 7.0) consisting of 15 mM K2HPO4, 15 mM KH2PO4, and 4.15 g/L NaN3 in 
reagent water plus 0.2 g Tenax beads in a 50-ml glass serum vial with an aluminum foil-lined 
septum screw-cap. The vials were placed on a wrist-action shaker at 240 rpm at room 
temperature (approximately 23–24˚C). After 1, 3, 8, and 18 d, the beads were removed from 
the serum vials for subsequent extraction. After removing the beads, the supernatant was 
carefully removed from the serum vials with a Pasteur pipette. For all but the 18-d time point, 
fresh medium (phosphate buffer amended with sodium azide, as described above) was added 
along with fresh Tenax beads. 
To remove the beads, the serum vials were placed vertically for several min and then 
were centrifuged at 4,000 rpm for 20 min. The caps were unscrewed carefully and reagent 
water was added slowly to raise the water surface so the floating beads could be recovered 
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without disturbing the soil pellet. The beads were removed with a stainless-steel spatula and 
rinsed with reagent water into a clean tube. The small amounts of soil particles attached to 
the beads were detached during this process and settled to the bottom of the tube. The beads 
were then transferred to 5-ml glass beakers containing methanol. After at least 24 h contact, 
the methanol was filtered to remove the beads and subsequently analyzed by high-pressure 
liquid chromatography (HPLC). In preliminary experiments, this method resulted in recovery 
of 97% of the bead mass added to the samples. 
In a separate experiment, the effect of azide as an inhibitor over the 18-d incubation 
period used for desorption experiments was evaluated. Soil samples were incubated as 
described above but without the Tenax beads. Positive controls were prepared by omitting 
azide from the medium. After either 8 d or 18 d, 20,000 dpm of 14C-labeled naphthalene was 
added to the slurry, and naphthalene mineralization was measured by trapping and counting 
14CO2 as described elsewhere (Willumsen et al. 1998). Recovery of 14CO2 was negligible in 
the azide-amended bottles compared to the positive controls in both the 8-d and 18-d 
incubations (Appendix A). 
A mass balance on each PAH was conducted at the end of the desorption experiments 
by analyzing the residual PAH concentration in the soil. The sum of the residual mass of a 
given PAH plus the cumulative mass desorbed was compared to the total initial mass in the 
soil at the start of the desorption experiment. 
3.3.4 Soil and extract analysis 
Before extraction, the moisture content of centrifuged slurry was measured by the loss 
of weight at 105 ˚C for 24 h. The initial and residual concentrations of PAHs in the soil 
samples were determined by solvent extraction and HPLC analysis. Three sub-samples of 
  63 
about 5 g centrifuged reactor slurry were prepared in 50 ml serum vials. Sodium sulfate (15.0 
g) was added to each vial to absorb the remaining water, and several glass beads were added 
to improve mixing. Anthracene-D10 (1ml at 100 ppm in acetonitrile) was added to each vial 
as an internal standard. Extraction was performed by adding 10 ml each of dichloromethane 
(DCM) and acetone to each serum vial. The vials were put in the wrist-action shaker for 24 h, 
after which they were centrifuged at 4000 rpm for 15 min. The supernatant from each vial 
was passed through a 0.2 µm pore-size nylon filter (Millipore; Billerica, MA) and collected 
in a 100-ml volumetric flask. An additional 10 ml acetone and 10 ml DCM was added to the 
vial, which was shaken for another 24 h. The additional solvent was centrifuged and filtered, 
then combined with the initial extract. The volumetric flask was brought to volume with 
DCM. The extracts of WP or WPA soils were subjected to 50-fold dilutions by acetonitrile 
and the extracts of MGP soils were analyzed by HPLC directly. 
Soil extracts and methanol extracts of the Tenax beads were analyzed in triplicate by 
reverse-phase HPLC in a system consisting of a Waters (Milford, MA) 600E system 
controller and 717 autosampler, a Perkin-Elmer (Wellesley, MA) Model LS 40 fluorescence 
detector, and a SupelcosilTM LC-PAH column (5µm 25cm × 4.6mm; Supelco, Bellefonte, 
PA). The mobile phase was a gradient of acetonitrile:reagent water at 1.5 ml/min. The initial 
composition was 60:40 for 5 min, ramped to 100:0 from 5–25 min, isocratic at 100:0 from 
25–35 min, and ramped to 60:40 from 35–40 min. Excitation and emission wavelengths were 
programmed as follows: naphthalene, acenaphthene and fluorene at 270 nm and 323 nm, 
respectively; phenanthrene, anthracene and anthracene-D10 at 250 nm and 370 nm; 
fluoranthene at 282 nm and 464 nm; pyrene at 331 nm and 395 nm; and all other PAH at 300 
nm and 410 nm. Of the 16 EPA priority pollutant PAHs, acenaphthylene and 
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indeno[1,2,3-c,d]pyrene were not detected by this method. Analytes were quantified by 
comparison to external standards (Supelco EPA 610 Polynuclear Aromatic Hydrocarbons 
Mix) using three-point calibrations at concentrations bracketing the range of concentrations 
in the extracts. 
3.3.5 Data analysis 
Comparisons of the fraction of each PAH desorbed after 18 d between experimental 
conditions were made with t-tests (two-tail, homoscedastic) using the built-in function in 
Excel (Microsoft; Bellevue, WA). The desorption data were evaluated with an empirical 
two-site model, which assumes that a fraction of a given PAH in the soil desorbs relatively 
rapidly and a second fraction desorbs much more slowly (Cornelissen et al. 1997, Hawthorne 
et al. 2001, Shor et al. 2003, Chai et al. 2006): 
)2()1( )1(1 tktk
o
t effe
C
C −−
−−−=  (3.1) 
where t is time (d); Ct is the concentration of PAH desorbed after time t (mg/kg dry soil); C0 
is the initial concentration of PAH in the soil; f is the fast-desorbing fraction; and k1 and k2 
are the first-order rate constants for fast and slow desorption, respectively. Best-fit values for 
f, k1, and k2 were obtained by non-linear regression of pooled data on PAHs desorbed from 
replicate (in most cases triplicate; otherwise duplicate) vessels at each time point using 
ProStat® 4.02 (Poly Software International; Pearl River, NY). The pooled data included each 
of the triplicate analyses for each replicate vessel (i.e., six to nine data points were included 
per time point). For the initial (t = 0) values, the mean PAH concentrations from triplicate 
analyses of triplicate samples were used to normalize the fraction of a given PAH desorbed 
over time. The standard deviations for the initial soil concentrations were less than 10% of 
the mean in almost all cases.  
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In those cases for which unique values of the three parameters in Equation 3.1 could 
not be obtained, the data were fit instead to a simple first-order desorption model: 
( )( )tkt ef
C
C 1
0
1 −−=  (3.2) 
Regardless of the model, variances associated with each fitted parameter were used to 
calculate the Z-statistic between experimetnal conditions and the differences were considered 
significant if the corresponding p-values were ≤ 0.05. 
3.4 RESULTS 
3.4.1 WP and WPA soils 
As expected, low-molecular-weight (LMW) PAHs desorbed faster than 
high-molecular-weight (HMW) PAHs for both the untreated (WP) and anaerobically 
incubated (WPA) soil from a wood-preserving site (Figure 3.1). In addition, the majority of 
the total mass of the LMW PAHs was desorbed over an 18-d period. 
After the 18-d desorption period, the amount of every PAH desorbed from the 
anaerobically incubated (WPA) soil was significantly higher than in the untreated (WP) soil 
(p < 0.05 in all cases), although the differences were relatively modest. From 85–125% of the 
initial PAH mass in the WP soil was recovered at the end of the desorption experiment for 
each PAH, with 90–110% recoveries for all but two compounds (Appendix B). Recoveries 
were 80-120% for all PAHs in the WPA soil except for naphthalene (NAP), 
dibenzo[a,h]anthracene (DbA), and benzo[g,h,i]perylene (BgP) (Appendix B). The recovery 
of naphthalene was particularly poor (< 20%), which we attribute to loss by volatilization, so 
the data for naphthalene are not reported in Figure 3.1. Despite low recovery of DbA and 
BgP (approximately 50% and 60%, respectively) for the WPA soil, there was still greater 
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desorption of these compounds in the WPA soil than in the WP soil after 18 d (Figure 3.1). 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3.1 Comparison of the desorption curves of WP soil (open symbols) and WPA soil 
(closed symbols). Data are distributed among the four panels for clarity. The symbols are the 
mean values of replicate analyses from replicate vessels. Error bars represent standard 
deviation, and are within the size of the symbol if not visible. The dashed (WP) and solid 
(WPA) lines are the best-fit curves from the two-site desorption model. Data for naphthalene 
are not shown because of poor recovery in the WPA soil.  
A two-site desorption model (Eqn. 3.1) was fit to the data shown in Figure 3.1, with 
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results summarized in Table 2. For all the 5- and 6-ring compounds in the WP soil and for 
DbA in the WPA soil, it was not possible to obtain unique values for the three parameters in 
the two-site model. For these cases, we fit a simple first-order desorption model (Eqn. 3.2) to 
the data, effectively assuming that the rate constant for the slowly desorbing fraction (k2) was 
zero. For those cases in which it was possible to fit all three parameters, we also fit the 
simple first-order desorption model to the data for comparison. In all but one case (BgP in the 
WP soil), r2 values were higher for the two-site model than for the simple first-order 
desorption model (Appendix C). It has also been suggested that in a typical two-site model, 
k1 should be at least 10-fold k2 (Hawthorne et al. 2002). This generally was true except for 
some cases with the WPA soil, for which the 95% confidence interval for one or both of the 
rate constants was wide (Table 3.2). 
The fraction of a given PAH associated with more rapid desorption (f) ranged from 
less than 0.1 to 0.79 (Table 3.2). In general, the value of f was lower for the HMW PAH, but 
there was no statistically significant difference between the untreated (WP) soil and the 
anaerobically incubated (WPA) soil for any compound. In addition, for the two-, three- and 
four-ring PAHs, k1 was not significantly different between the untreated soil and the 
anaerobically incubated soil. In contrast, k2, was significantly greater in the anaerobically 
incubated soil for the two-, three-, and four-ring PAHs except phenanthrene and 
benzo[a]anthracene. For the five- and six-ring compounds, k1 was significantly greater for 
the anaerobically incubated soil than for the untreated soil except for DbA. Overall, these 
  68 
Table 3.2 Fitted kinetic parameter valuesa for the WP and WPA soils 
f k1 (10-3h-1) k2 (10-3h-1) r2 
PAH 
WP WPA p b WP WPA p WP WPA p WP WPA 
NAP 0.42±0.10 n/a c n/a 43.4±27.8  n/a n/a 0.02±0.55  n/a n/a  0.861 n/a 
ACE 0.76±0.09 0.40±0.86 0.36 22.8±4.8 33.7±53.0 0.65 0.62±1.13 9.99±8.96 0.02 0.991 0.988 
FLU 0.78±0.14 0.79±0.16 0.85 26.6±9.2 26.7±5.6 0.98 0.85±2.07 5.06±3.53 0.02 0.974 0.998 
PHN 0.51±0.08 0.44±0.61 0.79 25.1±6.2 17.9±19.6 0.44 1.40±0.52 4.49±3.63 0.06 0.993 0.987 
ANT 0.55±0.12 0.39±0.18 0.10 20.8±6.6 21.1±7.8 0.95 1.28±0.80 5.26±1.15 0.00 0.990 0.999 
FLA 0.27±0.05 0.26±0.03 0.69 16.3±3.7 15.5±2.0 0.65 1.05±0.17 1.32±0.10 0.00 0.998 1.000 
PYR 0.25±0.04 0.20±0.05 0.07 16.7±3.7 18.2±7.0 0.68 0.63±0.14 0.93±0.19 0.00 0.997 0.996 
BaA 0.22±0.07 0.22±0.07 0.98 11.6±4.1 10.7±3.9 0.73 0.53±0.20 0.77±0.22 0.07 0.997 0.998 
CHR 0.17±0.04 0.18±0.06 0.58 10.4±2.7 11.2±4.1 0.71 0.33±0.10 0.54±0.16 0.01 0.999 0.998 
BbF 0.22±0.05 d 0.16±0.08 0.15 3.9±1.6 d 7.4±3.5 0.04 0 d 0.23±0.19 n/a 0.972 0.998 
BkF 0.24±0.03 d 0.18±0.10 0.26 3.8±0.8 d 7.1±3.4 0.04 0 d 0.24±0.23 n/a 0.993 0.998 
BaP 0.22±0.02 d 0.19±0.09 0.44 3.9±0.7 d 7.0±2.9 0.02 0 d 0.23±0.20 n/a 0.994 0.999 
DbA 0.21±0.08 d 0.17±0.03 d 0.24 2.7±1.7 d 2.6±0.7 d 0.93 0 d 0d n/a 0.969 0.994 
BgP 0.18±0.49 d 0.06±0.03 0.59 1.3±4.5 d 9.8±5.4 0.01 0 d 0.17±0.06 n/a 0.809 0.997 
a
 Best-fit value ± 95% confidence interval. Values for naphthalene in the WPA soil are not reported because of poor recovery at the 
end of the desorption experiment. b p indicates the probability that the values for the WP soil and the WPA soil are the same, based 
on a two-tailed comparison using corresponding z-values from the normal density function. c n/a, not applicable. d Regression did not 
converge on unique values for f, k1, and k2, so regression was performed assuming a single desorption rate (i.e., assuming k2 = 0). 
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data suggest that anaerobic incubation enhanced the desorption of the slowly desorbing 
fraction of the two-, three- and four-ring PAHs as well as overall desorption of the five- and 
six-ring compounds. 
3.4.2 Aerobically Pre-treated MGP soil 
Soil subjected to aerobic biological treatment in a bioreactor would be expected to be 
depleted in the most bioavailable fractions of the contaminants. We therefore evaluated 
whether anaerobic conditions could enhance the desorption of the remaining contaminants in 
aerobically pre-treated MGP soil. We also evaluated whether incubation in an anaerobic 
headspace alone could influence desorption behavior or whether active anaerobic conditions 
might be required. Accordingly, we compared desorption kinetics for the aerobically 
pre-treated MGP soil immediately after it was removed from the reactor (controls; sample set 
C), after incubation in an anaerobic headspace (sample set AH), and after incubation under 
active anaerobic conditions promoted by adding molasses to the soil slurry (sample set AM). 
Mean recoveries of the PAHs after the 18-d desorption experiment were 75–110 % for all 
compounds under nearly all conditions, and in almost all cases there were no significant 
differences in recovery between conditions for a given PAH (Appendix D). 
The desorption of PAHs from the aerobically pre-treated MGP soil was much 
different than from the untreated soil from the wood-preserving site. After 18 d, desorption of 
most of the PAHs was less than 20%, and it was less than 5% for the five- and six-ring 
compounds (Figure 3.2). Acenaphthene was the most desorbable compound, with up to 37% 
desorbed after 18 d. For most compounds, there was no significant difference between the 
controls and the soil incubated under an anaerobic headspace (t-test, p ≤ 0.05). In contrast, 
the amount desorbed after 18 d was significantly higher in the soil incubated under active 
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anaerobic conditions than in the controls for most of the PAHs (Figure 3.2). The overall 
effect was modest, however, because the fraction desorbed remained low. 
 
Figure 3.2 The fraction of PAHs released after 18 days under different incubation conditions 
for the aerobically pre-treated MGP soil. The inset enlarges the results for the 5- and 6-ring 
PAHs. Values significantly higher than the control are indicated with an asterisk. C, controls 
(soil slurry removed directly from the bioreactor); AH, soil slurry incubated with an 
anaerobic headspace; AM, soil slurry incubated with molasses to promote anaerobic activity.  
 
Best-fit values of the rapidly desorbing fraction of a given PAH (f) for the MGP soil 
samples ranged from less than 0.01 to 0.1, and few significant differences were found 
between experimental conditions (Appendix E). In addition, no significant differences were 
found in k1 among the experimental conditions for any of the PAHs (Appendix E). Values of 
the rate constant for the slowly desorbing fraction (k2) under the different experimental 
conditions are summarized in Table 3.3. These rate constants generally are an order of 
magnitude smaller than the rate constants associated with the slowly desorbing fraction in the 
WP samples (Table 3.2). 
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Table 3.3 Summary of regression results for the rate coefficient for the slowly desorbing 
fraction (k2,) of the MGP soil incubated under different conditions before desorption 
measurements.a 
 Best-fit Value of k2 (10-4 h-1) r2 
PAH C AH AM 
pAH-AMb 
C AH AM 
NAP 0.47±0.38 0.58±0.14 0.58±0.12 0.97 0.921 0.978 0.958 
ACE 7.36±2.68 3.39±0.96 4.33±4.81 0.67 0.947 0.970 0.584 
FLU 1.35±0.83 1.65±0.35 2.53±1.05 0.08 0.902 0.987 0.871 
PHN n/a c 2.70±0.80 3.36±0.76 0.16 0.979 0.944 0.955 
ANT n/a 2.42±0.56 3.62±0.91 0.01 0.992 0.979 0.950 
FLA n/a 1.15±0.24 1.56±0.48 0.09 0.977 0.969 0.942 
PYR n/a 0.92±0.11 1.31±0.39 0.04 0.989 0.994 0.956 
BaA n/a 0.96±0.20 1.31±0.33 0.04 0.984 0.967 0.964 
CHR n/a 0.82±0.16 1.13±0.25 0.02 0.998 0.970 0.971 
BbF 0.28±0.70 0.65±0.08 0.96±0.11 0 0.996 0.993 0.990 
BkF 0.25±3.38 0.47±0.03 0.80±0.12 0 0.950 0.996 0.983 
BaP 0.12±2.22 0.47±0.04 0.82±0.11 0 0.979 0.997 0.984 
DbA n/a 0.26±0.04 0.45±0.05 n/a 0.890 0.989 0.985 
BgP 0.28±0.13 0.36±0.08 0.54±0.05 0 1.000 0.980 0.989 
a
 Incubation conditions: C, no incubation (control bottles containing soil removed directly 
from the bioreactor); AH, soil from the bioreactor incubated abiotically with an anaerobic 
headspace; AM, soil from the bioreactor incubated anaerobically in the presence of molasses.. 
b
 p values are for pairwise comparisons between the indicated conditions. 
c
 n/a, not applicable (regression did not converge on unique values for f, k1, and k2, so 
regression was performed assuming k2 = 0). 
 
Best-fit values of k2 were significantly higher (p ≤ 0.05) in the samples incubated 
under active anaerobic conditions (sample set AM) than in the samples incubated under an 
anaerobic headspace (sample set AH) for all compounds except naphthalene, acenaphthene, 
fluorene, phenanthrene, and fluoranthene (Table 3.3). These results suggest that active 
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anaerobic conditions are necessary to enhance desorption of the slowly desorbing fraction of 
a given PAH, particularly for the HMW PAH. Neither of the anearobic incubation conditions 
are compared to the controls because k2 values could not be estimated for half of the 
compounds in the control samples and there were wide confidence intervals on the k2 values 
for the remaining compounds (Table 3.3). 
3.5 Discussion 
Contaminated soil incubated under active anaerobic conditions has led to increased 
release of PAHs into water (Pravecek et al. 2005), which is consistent with observations that 
reducing conditions enhance the release of dissolved organic matter with an apparent higher 
affinity for PAHs (Kim and Pfaender 2005). The collective results in the present study 
indicate that anaerobic activity can also enhance the rate of PAH desorption from 
field-contaminated soil, both in soil not previously subjected to remediation and in soil 
previously subjected to aerobic biological treatment. The extent to which changes in natural 
organic matter characteristics in the solid phase associated with anaerobic activity might have 
influenced the PAH desorption rates observed in this study, however, cannot be ascertained 
from the available data. For both the wood-preserving soil and the aerobically pre-treated 
MGP soil, the amount of a given PAH desorbed after 18 d was significantly higher in soil 
incubated under active anaerobic conditions than in controls for most of the compounds. This 
18-d incubation period exceeds the 7- to 12-d time frame that has been suggested as the 
period over which the most bioavailable fractions of PAHs are desorbed in desorption 
experiments with a wide range of samples from former MGP sites (Loehr et al. 2003). 
Although increased release of PAHs into water has been correlated with an increase 
in pH resulting from anaerobic activity (Pravecek et al. 2005), we did not observe an increase 
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in pH resulting from anaerobic incubations in this study. The pH did not change significantly 
during incubation of the wood-preserving soil, and it decreased (from 7.0 to ～5.8) during 
active anaerobic incubation of the MGP soil. Therefore, it appears that pH is not the only 
factor that influences the release of PAHs into water under anaerobic conditions. 
Empirical models of hydrophobic contaminant desorption from field-contaminated 
soils are based on the assumption that there are two or more sorptive domains that govern the 
desorption of the contaminants. The simplest of these (so-called two-site models) assume that 
a domain in the solid phase associated with relatively fast desorption kinetics and that 
another is associated with slow desorption kinetics. The two-site model fit most of the data in 
the present study well except for several cases in which a good fit could not be obtained; in 
those cases, the rate constant for the slowly desorbing fraction was considered to be zero. A 
more complex three-site model (fast, slow and very slow domains) has been proposed 
(Cornelissen et al. 1997, Gomez-Lahoz and Ortega-Calvo 2005), but we did not believe that 
this more complex model, with its additional parameter (k3), was justified for the data we 
obtained over the relatively short time frame and small number of time points of the 
desorption experiments. 
Generally, LMW PAH generally have been observed to desorb faster than HMW 
PAH from MGP site samples (Hawthorne et al. 2002) and from various soot materials 
(Jonker et al. 2005). Our results (Figure 3.3) follow a similar trend except for naphthalene 
(due to its poor recovery), although we used a different approach to measure desorption than 
in the previous studies. The trend was observed for both the untreated and the anaerobically 
incubated wood-preserving soils, as well as for the aerobically pre-treated MGP soil under 
active anaerobic conditions. We would not necessarily expect the trend observed in Figure 
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3.3 for a soil previously subjected to aerobic biological treatment, because it could be 
expected that the LMW PAH and the most readily desorbable compounds would have been 
most susceptible to biodegradation before the desorption experiment. 
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Figure 3.3 Fraction of PAH desorbed after 18 d vs. molecular weight for various soil 
samples.  
 
Jonker et al. (2005) found that the most abundant PAHs were released from soot to 
the largest extent. In contrast, we found a poor correlation between the fraction desorbed and 
initial concentration for the wood-preserving soil (Figure 3.4) and the MGP soil (Appendix 
F), which has also been shown by others (Hawthorne et al. 2002). 
The combined data suggest that active anaerobic conditions influenced the slowly 
desorbing fraction of PAHs in both soils. We found no effect of anaerobic activity on the 
rapidly desorbing fraction (f) in nearly all cases, and in most cases there was no effect on k1. 
In contrast, most of the significant differences between experimental conditions for a given 
PAH were observed for k2. For the five- and six-ring PAHs in the wood-preserving soil, 
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anaerobic activity increased k1 as well. The increase in PAH desorption rate appeared to 
require active anaerobic conditions rather than just depletion of oxygen because no 
enhancement of PAH desorption was observed with the aerobically pretreated MGP soil 
incubated under an anaerobic headspace in the absence of an exogenous anaerobic substrate.  
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Figure 3.4 Fraction of PAHs desorbed after 18 d vs. initial concentration for the 
wood-preserving soil samples. 
 
Overall, the effect of anaerobic activity on PAH desorption observed in this study was 
modest. If it were desirable to enhance the desorption of the more slowly desorbing fraction(s) 
of PAHs in a given situation, long-term anaerobic activity could have a measurable impact on 
the extent of PAH removal. For the wood-preserving soil, however, long-term treatment in 
the anaerobic column did not lead to substantial removal of most PAHs (compare PAH 
concentrations in the WP and WPA samples in Table 3.1). The longer-term effects of 
anaerobic conditions on the aerobically pre-treated MGP soil were not evaluated in the 
present study. 
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4. Surfactant-Enhanced Desorption and Biodegradation of 
Polycyclic Aromatic Hydrocarbons from Contaminated Soil 
4.1 Abstract 
We evaluated two nonionic surfactants, one hydrophobic (Brij 30) and one 
hydrophilic (C12E8), for their ability to enhance the biodegradation of polycyclic aromatic 
hydrocarbons (PAHs) in contaminated soil that had been pretreated in an aerobic bioreactor. 
The effects of each surfactant were evaluated at doses corresponding to equilibrium 
aqueous-phase concentrations well above the surfactant’s critical micelle concentration 
(CMC), slightly above the CMC, and below the CMC. The concentrations of all 3- and 4-ring 
PAHs were significantly reduced in the soil amended with Brij 30 at the two lower doses 
compared to controls, whereas removal of only the 3-ring PAHs was significantly enhanced 
at the highest Brij 30 dose. In contrast, C12E8 did not enhance PAH removal at any dose. In 
the absence of surfactant, <5% of any PAH desorbed over an 18-d period. Brij 30 addition at 
the lowest dose significantly increased the desorption of most PAHs, whereas the addition of 
C12E8 at the lowest dose either decreased or had no effect on the desorption of all PAHs. 
These findings suggest that the effects of the surfactants on PAH biodegradation could be 
explained by their effects on PAH bioavailability. Overall, this study demonstrates that the 
properties of the surfactant and its dose relative to the corresponding aqueous-phase 
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concentration are important factors in designing systems for surfactant-enhanced 
bioremediation of PAH-contaminated soils in which PAH bioavailability is limited.  
4.2 Introduction 
Bioremediation has attracted great interest for treatment of soils and sediments 
contaminated with polycyclic aromatic hydrocarbons (PAHs), because many PAHs are 
susceptible to microbial degradation (Cerniglia 1992). However, bioremediation can be 
limited by the bioavailability of soil-bound PAHs to PAH-degrading microorganisms due to 
their low aqueous solubility and strong sorption to soil, which are exacerbated by the long 
aging of contaminants in field-contaminated soils (Chai et al. 2006; Ter Laak et al. 2006). 
Strategies to improve bioavailability can enhance the biodegradation of PAHs (White et al. 
1999; Kim and Weber Jr. 2005), although the biodegradation of high-molecular-weight 
(HMW) PAHs can be limited by factors other than bioavailability as well (Cornelissen et al. 
1998; Aitken and Long 2004). 
The use of surfactants has been proposed as a strategy to improve the bioavailability 
of hydrophobic organic compounds (HOCs) by solubilizing HOCs from soil. Surfactant 
solubilization can greatly enhance the apparent solubility of an otherwise poorly soluble 
HOC by partitioning of their molecules into micelles, which occurs only if the aqueous-phase 
concentration of the surfactant is above its critical micelle concentration (CMC). 
Solubilization of PAHs from field-contaminated soils by surfactant addition has been 
evaluated in several previous studies (Yeom et al. 1996; Grasso et al. 2001; Torres et al. 
2005). The extensive sorption of surfactants to soil, however, leads to a substantially higher 
surfactant dose to reach the CMC in a soil/water system than in the absence of soil (Liu et al. 
1992; Walters and Aitken 2001; Yang et al. 2006). In addition, large surfactant doses can 
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inhibit the biodegradation of hydrocarbons (Deschênes et al. 1996; Willumsen et al. 1998; Li 
and Bai 2005). Surfactants can have several deleterious effects on biodegradation processes, 
including toxicity due to disruption of the bacterial cell membrane (Rosen et al. 2001); 
accumulation of inhibitory products of incomplete metabolism due to the substantial increase 
of substrate availability by solubilization (Auger et al. 1995; Willumsen and Arvin 1999); 
decreased availability of the compounds partitioned in surfactant micelles in some situations 
(Li and Bai 2005); and competitive degradation of surfactant and contaminants (Kim and 
Weber Jr. 2003; Makkar and Rockne 2005).  
There is limited previous work on the effects of surfactants on desorption or 
biodegradation of PAHs in field-contaminated soil. Yeom et al. (1996) studied the kinetics of 
PAH release from a field-contaminated soil upon surfactant washing and suggested that the 
enhancement of PAH release occurred by both micellar solubilization and increased matrix 
diffusivity of PAHs. Others have reported that surfactant addition had no effect on 
biodegradation of PAHs in field-contaminated soil (Deschênes et al. 1996; Kim an Weber Jr. 
2005; Lei et al. 2005). There is even less work on surfactant addition at doses corresponding 
to aqueous-phase surfactant concentrations below the CMC, where solubilization becomes 
insignificant. Grasso et al. (2001) observed that desorption of PAHs was negligible when a 
nonionic surfactant was applied below and close to the CMC, which is in contrast to the 
results obtained by Yeom et al. (1996). It is important to consider the potential efficacy of 
adding surfactants at low doses because of the cost implications in field applications. 
The objective of the present study was to compare two nonionic surfactants of 
differing hydrophobicity (Brij 30, which is relatively hydrophobic, and C12E8, which is 
relatively hydrophilic) with respect to desorption and biodegradation of the residual PAHs in 
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the effluent slurry from a bioreactor treating soil from a former manufactured gas plant 
(MGP) site. Each surfacant was evalauted at doses corresponding to aqueous-phase 
concentrations above and below the CMC. We focused on surfactant addition after biological 
treatment because surfactant addition should be necessary only when biodegradation is 
limited by mass transfer kinetics. To our knowledge, such a two-stage strategy has not been 
evaluated previously with a field-contaminated soil. 
4.3 Materials and Methods 
4.3.1 Chemicals 
Brij® 30 (polyoxyethylene lauryl ether) and C12E8 (octaethylene glycol mono 
n-dodecyl ether) were purchased from Sigma-Aldrich (St. Louis, Missouri). Tenax TA® 
(60/80 mesh) was obtained from Alltech (Deerfield, IL). Brij 30 has a hydrophile/lipophile 
balance (HLB) value of 9.7, and the HLB of C12E8 is 13.1. The CMC of Brij 30 in water is 
9.3 mg/L and of C12E8 is 10 mg/L, as measured by following surface tension as a function of 
concentration. 
4.3.2 Samples 
The soil used in this study was the effluent slurry from a laboratory-scale, aerobic 
bioreactor used to treat contaminated soil from a former MGP site in Charlotte, NC. 
Operation of the reactor is described in Chapter 3. Concentrations of PAHs in the feed 
(untreated) soil and the effluent slurry are shown in Table 4.1.  
4.3.3 Sorption of Surfactant to Soil and Solubilization of PAHs 
About 2 g of centrifuged slurry from the reactor was weighed into each of 16 
centrifuge tubes. Surfactant at each of 8 different doses was added to the centrifuge tubes in 
duplicate. The soil was resuspended in phosphate buffer (15 mM, pH = 7) to make a slurry 
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Table 4.1 Concentrations of PAHs in the feed soil or effluent slurry of the reactor. 
PAHa Feed soil Effluent 1b Effluent 2c Effluent 3d 
NAP 20.0±1.4 17.1±2.2 20.2±1.8 19.2±1.6 
FLU 2.9±0.2 2.1±0.2 2.3±0.2 2.5±0.3 
PHE 26.0±2.0 19.6±3.3 20.7±1.3 23.1±1.9 
ANT 4.3±0.7 4.0±0.5 4.0±0.6 5.7±0.7 
FLA 40.6±2.7 34.2±4.6 33.3±2.0 35.0±2.1 
PYR 45.8±2.9 41.3±1.8 39.0±2.3 41.9±2.2 
BaA 24.0±1.6 19.0±2.5 20.6±1.1 18.9±1.0 
CHR 33.4±2.1 23.5±2.9 26.0±1.7 22.0±1.2 
BbF 23.6±1.5 22.8±2.8 22.5±2.4 17.7±0.8 
BkF 13.4±0.8 12.8±0.9 12.5±0.9 10.3±0.3 
BaP 38.3±2.2 41.4±4.9 36.9±3.3 31.7±1.5 
DbA 3.0±0.7 3.9±0.3 2.9±0.3 2.4±0.2 
BgP 32.8±1.5 37.8±5.0 31.6±2.9 20.2±9.4 
 
a
 NAP, naphthalene; ACE, acenaphthene; FLU, fluorene; PHN, phenanthrene; ANT, 
anthracene; FLA, fluoranthene; PYR, pyrene; BaA, benz[a]anthracene; CHR, chrysene; BbF, 
benzo[b]fluoranthene; BkF, benzo[k]fluoranthene; BaP, benzo[a]pyrene; DbA 
dibenz[a,h]anthracene; BgP, benzo[g,h,i]perylene; 
b
 The reactor slurry used in the biodegradation experiment; 
c
 The reactor slurry used in the desorption experiment testing the addition of Brij 30;  
d
 The reactor slurry used in the desorption experiment testing the addition of C12E8. 
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with a solids content of 10% (wt:wt). All tubes were shaken for two d, which was observed in 
preliminary experiments to be sufficient to reach sorption equilibrium (Appendix G). After 
equilibration, each tube was centrifuged again and the supernatant was collected and 
syringe-filtered through a 0.8 µm pore-size polycarbonate filter. The surface tension of the 
filtrate was analyzed by a Du Nouy tensiometer (CSC Scientific Co., INC. Fairfax, VA) after 
necessary dilutions were made to samples to get a final surface tension corresponding to a 
concentration below the CMC. The concentration of surfactant was calculated by using a 
calibration curve of surface tension vs. surfactant concentration. A 2-mL aliquot of the filtrate 
for each sample was diluted with acetonitrile to a final volume of 10 mL, and PAH 
concentrations were analyzed by HPLC as described in Chapter 3.  
4.3.4 Biodegradation Experiments 
The effects of surfactant addition on PAH removal from freshly sampled reactor 
slurry were evaluated under five conditions: reactor slurry without surfactant addition, 
reactor slurry amended with surfactant at a low, medium, or high dose, and a killed control 
with surfactant added at the high dose. For each condition, 6.35 mL of reactor slurry with a 
solids content of 10% was added into each of ten 40-mL glass centrifuge tubes. After 
centrifugation, a predetermined amount of surfactant stock solution in phosphate buffer 
corresponding to the selected dose was added to the soil pellet. Killed controls were prepared 
by adding 0.5 mL sodium azide at 4.15 mg/mL to each tube. The volume in each tube was 
brought up with fresh phosphate buffer to 6.35 mL to form a slurry of 10% solids. All 50 
centrifuge tubes were closed by caps with Teflon-lined silicone septa and were shaken at 200 
rpm at room temperature. The tubes were opened for 5 min every day to let in oxygen 
required for biodegradation. For each condition, five tubes were sacrificed at day 4 for PAH 
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concentration analysis in both the liquid and solid phases. After the tubes were centrifuged at 
3000 rpm for 20 min, the supernatant was decanted into a clean tube, filtered, and analyzed 
for PAHs as described above. The solid phase was subjected to solvent extraction for PAH 
analysis following the procedures described in Chapter 3. The remaining five tubes of each 
condition were sacrificed at day 18 following the same procedure. 
The result of multiple comparison of the percentage of PAHs removed after 18 d 
among each of the five conditions was obtained by Tukey’s HSD (Honestly Significant 
Differences) Test using ProStat® 4.02 (Poly Software International; Pearl River, NY). 
4.3.5 PAH Desorption Experiments 
Desorption of PAHs in the presence or absence of surfactant was measured using 
Tenax beads as an infinite sink for the desorbed PAHs (Chapter 3); measurements with 
surfactant were evaluated at the low dose only because solubilization would have been 
insignificant at that dose, and at higher surfactant doses the Tenax beads could not easily be 
separated from the soil because they sank. A different sample of reactor slurry was used for 
these experiments than was used for the biodegradation experiment. A 15-mL aliquot of 
reactor slurry was added into each of 24 glass centrifuge tubes. After centrifugation, a 
predetermined amount of surfactant stock solution was added to the soil pellet in 12 of the 
tubes. The other 12 tubes were not amended with surfactant to serve as controls. To preclude 
PAH biodegradation, all 24 samples were amended with 0.5 mL sodium azide at 4.15 g/L. 
The volume of the mixture in each tube was supplemented with phosphate buffer to obtain a 
slurry of 10% solids. All samples were closed by caps with Teflon-lined silicone septa and 
were shaken at 200 rpm at room temperature for 48 h to allow for sorption of the surfactant 
to the soil. Each sample was then amended with 0.08 g Tenax beads and shaking was 
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resumed. At days 1, 4, 8 and 18 after adding Tenax beads, three tubes with surfactant and 
three tubes without surfactant were sacrificed for the removal and extraction of Tenax beads 
as described in Chapter 3 to quantify the cumulatively desorbed PAH mass. 
4.3.6 Effect of Brij 30 Addition to the Original Contaminated Soil 
A slurry of the original contaminated soil was prepared in buffer in the same manner 
used to feed the reactor. This slurry was centrifuged at 3000 rpm for 20 min. After removing 
aliquots of the soil pellet for PAH analysis and moisture content determination, an amount of 
slurry corresponding to 1 g dry weight of the centrifuged soil was added to each of eight 
glass centrifuge tubes. A 5 mg dose of Brij 30 was added to four of the tubes and the other 
four tubes were prepared as controls. Phosphate buffer was added to each tube to bring the 
volume up to 10 mL, and the tubes were incubated and shaken as described above. At day 18, 
all samples were subjected to solvent extraction for residual PAH concentration analysis.  
4.4 Results 
4.4.1 Surfactant Sorption and PAH Solubilization 
The sorption of nonionic surfactants to soil usually follows the Langmuir isotherm 
(Walters and Aitken 2001; Tadros 2005), which was observed for the sorption of both Brij 30 
and C12E8 to the soil used in this study (Figure 4.1). From regression of the Langmuir 
equation against the data, the maximum concentration of surfactant sorbed to the soil, Smax, 
was 35.7 mg/g for Brij 30 and 15.8 mg/g,C12E8, and the equilibrium constant K was 0.23 
L/mg and 0.03 L/mg, respectively. These parameter values both indicate that Brij 30 sorbs 
more strongly to the soil than C12E8, which is in accordance with their HLB values. The HLB 
value of Brij 30 (9.7) indicates that it is much more hydrophobic than C12E8 (HLB 13.1).  
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Figure 4.1 Sorption isotherm of surfactant (a) Brij 30 and (b) C12E8 in the reactor slurry with 
a solid content of 10%. Error bars not shown were within the data symbol. The dashed line 
was the curve fitted by Langmuir linear regression. 
 
At surfactant doses beyond that corresponding to maximum sorption to the soil, the 
aqueous-phase concentration increased linearly with increasing dose (Figure 4.2). Increasing 
aqueous-phase concentrations also corresponded to increasing solubilization of PAHs (Figure 
4.2). The data in Figure 4.2 were used to select a high, medium and low surfactant dose for 
the subsequent biodegradation experiments, corresponding to equilibrium aqueous-phase 
concentrations well above the CMC, slightly above the CMC, and below the CMC (Table 
4.2).  
4.4.2 Biodegradation Experiments 
Biodegradation of residual PAHs in the treated soil from a slurry-phase bioreactor 
was evaluated at each of the selected doses for each surfactant. There were different patterns 
for the biodegradation of different groups of PAHs in reactor slurry incubated with Brij 30 
for 18 d (Figure 4.3). The 2-ring PAH naphthalene was not removed under any condition. In 
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Figure 4.2 Equilibrium liquid-phase concentration (●) and PAH solubilization (○) as a 
function of surfactant dose in reactor slurry. Inserts show liquid-phase concentration at low 
surfactant dose. All data are means and standard deviations of duplicate measurements of 
duplicate samples. 
 
contrast, Brij 30 addition at all three doses improved the biodegradation of all 3-ring PAHs. 
The fractions of fluorene and phenanthrene removed were not significantly different for the 
three doses tested. For anthracene, the greatest biodegradation was observed with the 
medium dose, which corresponded to an aqueous-phase Brij 30 concentration of 
approximately twice the CMC. The biodegradation of all four 4-ring PAHs followed another 
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Table 4.2 Doses of the two nonionic surfactants used in this study and their equilibrium 
aqueous-phase concentrations.  
Predicted Aqueous- 
Phase Concentration a Dose (mg/g) 
(mg/L) (×CMC) 
Brij 30 
0 
 
0 
 
0 
5 8 0.9 
20 24 2.6 
50 ≈1000 ≈115 
C12E8 
0 0 0 
2 8 0.8 
10 38 3.8 
25 ≈860 ≈86 
a Predicted from Figure 1. 
 
pattern: only the two lower doses of Brij 30 improved biodegradation, and the extents of 
improvement were similar. Unlike the situation for the 3-ring PAHs, Brij 30 addition at the 
highest dose (corresponding to an aqueous-phase concentration of about 100 times the CMC) 
did not improve the biodegradation of the 4-ring PAHs. Brij 30 addition generally did not 
improve the biodegradation of the 5- or 6-ring PAHs at any dose, except the lowest dose 
modestly increased benzo[a]pyrene removal. The extent of removal without surfactant 
addition was not significantly different than for the killed control for any of the PAHs, 
implying that PAH removal had already reached the maximum extent in the bioreactor.  
None of the PAHs was detected in the liquid phase of the reactor slurry without Brij 
30 addition or with Brij 30 addition at the two lower doses. Significant amounts of PAHs 
were present in the liquid phase at the high dose at the end of the 18-d incubation period 
(Appendix H), indicating that some of the solubilized PAHs had not been biodegraded. 
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Figure 4.3 Percent of PAHs removed from reactor slurry under various conditions of 
incubation with Brij 30 for 18 days. The letters above the bars indicate significant differences, 
using Tukey’s HSD Test. The results for acenaphthene and indeno[1,2,3-c,d]pyrene are not 
shown because they are not detected by the HPLC method. All data are means and standard 
deviations of five replicate samples.  
 
Although the addition of Brij 30 improved the biodegradation of many PAHs in the 
reactor slurry, the addition of C12E8 at all three doses had no effect on PAH biodegradation 
(Figure 4.4). 
4.4.3 PAH Desorption 
The lowest dose of Brij 30 used in the biodegradation experiment (5 mg/g) was below 
the dose required to reach the CMC in the liquid phase. Solubilization of PAHs would, 
therefore, be insignificant at this dose. Because the lowest dose led to significant PAH 
removal, we evaluated its effect on PAH desorption from the solid phase. The amount of 
PAH desorbed from the soil amended with Brij 30 after 18 d of incubation was significantly 
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Figure 4.4 Percent of PAHs remaining in the reactor slurry under different incubation 
conditions with C12E8 at the end of 18 days. 
 
greater than that from the soil without Brij 30 addition for all of the PAHs except 
naphthalene (Figure 4.5). In the presence of Brij 30, 15-20% of fluorene, phenanthrene, 
anthracene, fluoranthene, and pyrene desorbed over the 18-d incubation period. 
The addition of C12E8 at the lowest dose had the opposite effect on PAH desorption 
compared to Brij 30, in that less desorption occurred in the presence of C12E8 than in its 
absence (Appendix I). No desorption at all was observed for naphthalene, acenaphthene, 
fluorene, anthracene, dibenzo[a,h]anthracene and indeno[c,d]pyrene, and less than 2% of the 
initial mass desorbed over the 18-d incubation period for all of the other PAHs. 
4.4.4 Brij 30 addition to feed soil 
Because Brij 30 enhanced the biodegradation of the residual PAHs from the 
bioreactor slurry at a dose as low as 5 mg/g, we wanted to know whether applying the same 
dose to the original contaminated soil (the feed soil for the bioreactor) for the same 
incubation time (18 d) would have a similar effect. The addition of 5 mg/g Brij 30 to the feed 
soil did not enhance PAH biodegradation compared to the controls without surfactant (Figure 
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4.6). 
0
5
10
15
20
25
NAP FLU PHE ANT FLA PYR BaA CHR BbF BkF BaP DaA BgP
PA
H
 
de
so
rb
ed
 
af
te
r 
18
 
da
ys
 
(%
) .
with Brij 30
without Brij 30
 
Figure 4.5 Percent of PAH mass cumulatively desorbed from the soils after 18 days with Brij 
30 addition (5 mg/g) and without surfactant addition. The data are means and standard 
deviations of triplicate (with Brij 30) or duplicate (without surfactant) samples.  
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Figure 4.6 Effect of Brij 30 addition (5 mg/g) on PAH concentrations in the original 
contaminated soil. The PAH concentrations in the feed soil of the bioreactor at Day 0 (black 
bars) was compared with at Day 18 either with (white bars) or without Brij 30 (shaded bars). 
The data are means and standard deviations of triplicate (day 0) or four parallel (day 18) 
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samples. 
4.5 Discussion 
For applications of surfactants in contaminated soil, sorption of the surfactant will 
directly influence the dose required to achieve appreciable solubilization of hydrophobic 
contaminants (Liu et al. 1992). Solubilization can increase the rates of biodegradation of 
hydrophobic contaminants (Grimberg et al. 1996), but effects of surfactants at doses 
insufficient to achieve contaminant solubilization have been less well-studied. It is important 
to understand such effects, because minimizing the surfactant dose that improves 
bioremediation will minimize the cost of treatment. 
The hydrophobic, nonionic surfactant Brij 30 improved the biodegradation of the 3- 
and 4-ring PAHs in field-contaminated soil when added at the low and medium doses (5 and 
20 mg/g, respectively), even though PAH solubilization would have been negligible at these 
doses (Figure 4.2). In contrast, the more hydrophilic surfactant C12E8 had no effect on PAH 
biodegradation, regardless of whether the added dose would have led to PAH solubilization. 
The addition of Brij 30 at the highest dose (50 mg/g), at which the PAHs would have 
been solubilized (Figure 4.2), did not improve the degradation of the 4-ring PAHs. However, 
biodegradation of the 3-ring PAHs increased when Brij 30 was applied at the highest dose 
(Figure 4.3) and biodegradation of the 4-ring compounds was enhanced at the two lower 
doses. It is possible that partitioning of the 4-ring compounds into surfactant micelles 
influenced the kinetics of biodegradation (Grimberg et al. 1995), or that the increased PAH 
bioavailability caused by their solubilization led to the formation of toxic byproducts 
resulting from overflow metabolism (Auger et al. 1995; Willumsen and Arvin 1999). For the 
latter mechanism, however, we would have expected inhibition of the 3-ring compounds as 
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well. In a later chapter (Chapter 5), Brij 30 at the highest dose initially appeared to slightly 
inhibit the mineralization of salicylate (a water-soluble substrate not expected to partition 
into surfactant micelles), but after 18 d of incubation with Brij 30 its mineralization was 
greatly increased relative to controls; this observations suggests that generalized toxicity did 
not explain the effects of Brij 30 on the biodegradation of the 4-ring PAHs. In contrast, Brij 
30 at the highest dose reduced the concentrations of several groups of PAH-degrading 
bacteria, including known pyrene degraders, in the soil slurry relative to controls and to 
microcosms incubated with the two lower surfactant doses (Chapter 5). It is possible, 
therefore, that the lack of influence on 4-ring PAH degradation by Brij 30 at the highest dose 
was related to its influence on the organisms capable of degrading those compounds. 
The effects of each surfactant on PAH biodegradation is consistent with their effects 
on PAH desorption, which was measured at the lowest surfactant dose only (i.e., under 
conditions in which enhanced desorption associated with micellar solubilization would not 
have prevailed). Brij 30 enhanced PAH desorption (Figure 4.5), which is consistent with 
results from an earlier study on the effects of Brij 30 on desorption of phenanthrene from 
contaminated soil from an MGP site (Yeom et al. 1996). In contrast, C12E8 inhibited PAH 
desorption. The minimal desorption (<5%) of residual PAHs in the reactor slurry in the 
absence of Brij 30 is consistent with previous desorption experiments on the same slurry 
(Chapter 3), and suggests that the most readily bioavailable fractions of the PAHs had been 
removed during treatment in the bioreactor. In a comprehensive study on rates of PAH 
desorption from contaminated soil and sediment from MGP sites, Loehr et al (Loehr et al. 
2003) observed that the rapidly desorbing fraction corresponding to the most bioavailable 
fraction of PAHs typically desorbs within 7 to 12 d; our desorption measurements were 
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carried out for 18 d. It appears, therefore, that Brij 30 enhanced PAH biodegradation at the 
two lowest doses primarily by enhancing their bioavailability to PAH-degrading bacteria in 
the soil slurry. 
The lowest dose of Brij 30 enhanced the desorption of the 5- and 6-ring PAHs (Figure 
4.5) but did not significantly improve their biodegradation under the same conditions relative 
to killed controls and controls with no surfactant (Figure 4.3). There are several explanations 
for this result, including inherently slow rates of degradation of these compounds, 
insufficient numbers of organisms able to degrade them, or competitive inhibition of their 
degradation by the lower-molecular-weight PAHs (Aitken and Long 2004). It is not possible 
from the available data to distinguish among these explanations. If biodegradation of the 5- 
and 6-ring compounds were limited by kinetics, then a longer incubation period might have 
increased their degradation. Longer batch incubation is likely to lead to extensive surfactant 
degradation, although measurements of surface tension in dilutions of the aqueous phase at 
the highest Brij 30 dose indicated that the residual surfactant concentration was relatively 
high after 18 d (Appendix J). 
Brij 30 and C12E8 clearly had different effects on PAH desorption from the solid 
phase in the soil slurry, which we attribute to differences in their hydrophobicity and, 
correspondingly, differences in their association with various sorptive compartments in the 
solid phase. The matrix with which PAHs associate in field-contaminated soils and sediments 
is complex, and cannot be reproduced in soils to which contaminants are spiked (Ter Laak et 
al. 2006; Hawthorne et al. 2006; Allan et al. 2007). Forms of black carbon such as soot, coal, 
and lampblack have been recognized as significant materials in soil and sediment to which 
PAHs sorb strongly (Ghosh et al. 2000; Accardi-Dey and Gschwend 2003; Hong et al. 2003; 
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Cornelissen et al. 2005; Chai et al. 2007), as has plant-derived organic matter (Rockne et al. 
2002). However, it has also been recognized that complex nonaqueous-phase liquids (NAPLs) 
and semi-solids such as coal tar, oil tar, and creosote are important matrix components in 
PAH-contaminated soils and sediments (Karimi-Lotfabad and Gray 2000; Jonker et al. 2003; 
Hawthorne et al. 2007; Hong and Luthy 2007; Vermeulen et al. 2007; Ahn et al. 2008). Pitch, 
which appears to be an aggregate of highly weathered coal tar and inert materials, was also 
reported recently to be a significant sorbent of PAHs in contaminated sediment from MGP 
sites (Khalil et al. 2006). 
The association of nonionic surfactants with specific sorptive compartments in 
field-contaminated soil or sediment has been poorly studied. It appears that hydrophilic, 
ethoxylated surfactants such as Triton X-100 have a higher affinity for clay minerals than for 
natural organic matter (Jahan et al. 1995; Lee et al. 2000; Salloum et al. 2000; Zhu et al. 
2003). Triton X-100 has an HLB value of 13.5 (Bernardez and Ghoshal 2004), comparable to 
that of the C12E8 surfactant used in this study. Furthermore, sorption of hydrophilic 
surfactants to soil at doses that maintain aqueous-phase surfactant concentrations near or 
below the CMC will actually increase the sorption of hydrophobic contaminants to the soil 
(Edwards et al. 1994; Sun et al. 1995; Lee et al. 2000). If the behavior of hydrophilic 
ethoxylated surfactants in soil observed in earlier studies can be extended to the 
field-contaminated soil used in the present study, it might explain the decrease in PAH 
desorption caused by C12E8 at the lowest dose. 
The mechanism by which the more hydrophobic surfactant Brij 30 enhanced PAH 
desorption is unclear. Brij 30 sorbed more strongly to the soil than did C12E8, which is 
consistent with the relationship between the HLB values of nonionic surfactants and their 
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sorption to soil from an MGP site observed in an earlier study (Yeom et al. 1996). We 
assume that Brij 30 is likely to interact with hydrophobic compartments in 
field-contaminated soil, such as black carbon, NAPLs (Bernardez and Ghoshal 2004), and 
pitch. Surfactants that associate with NAPLs in contact with soil influence their wetting 
behavior and correspondingly help release the NAPLs from the soil, even when the 
aqueous-phase surfactant concentration is below the CMC (Deitsch and Smith 1995; 
Deshpande et al. 1999; Dong et al. 2004). If coal tar, for example, were released from soil 
aggregates this way, it would have more surface area for contaminant desorption or 
dissolution, or for direct contact with microorganisms. It is also possible that a surfactant 
such as Brij 30 could influence the diffusivity of PAHs in coal tar, which has been suggested 
to control the rate of PAH mass transfer into water (Yeom et al. 1996; Benhabib et al. 2006). 
Our strategy in this study was to add surfactants to the soil after treatment in a 
bioreactor, because we hypothesize that surfactant addition will be beneficial only when 
contaminant bioavailability is limited. This hypothesis was supported by the finding that Brij 
30 did not improve PAH degradation in the feed soil under the same conditions in which it 
did so in the treated slurry from the bioreactor. Adding surfactant as a second stage of 
treatment after a main biological treatment stage has some other potential benefits as well: 
the chances of selecting surfactant degraders over PAH degraders (Kim and Weber Jr. 2003) 
are reduced; the required surfactant concentration might be lower because contaminant 
concentrations would be lower; and the risk of accumulating inhibitory by-products is lower 
if the readily bioavailable substrate concentration is lower. 
The effects of Brij 30 addition on PAH biodegradation were similar for all PAHs at 
surfactant doses of 5 and 20 mg/g, but we did not attempt to optimize either the surfactant 
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dose or the incubation time. However, the findings of this study could provide insights into 
designing surfactant-enhanced bioremediation systems at relatively low surfactant doses. 
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5. Effects of Nonionic Surfactant Addition on Populations of 
Polycyclic Aromatic Hydrocarbon-Degrading Bacteria in 
Contaminated Soil 
5.1 Abstract 
We studied the effects of two nonionic surfactants, polyoxyethylene(4) lauryl ether 
(Brij 30) and octaethylene glycol mono n-dodecyl ether (C12E8), on populations of polycyclic 
aromatic hydrocarbon- (PAH-) degrading bacteria from a bioreactor treating 
PAH-contaminated soil. Previously identified degraders of naphthalene, salicylate, 
phenanthrene or pyrene were quantified by real-time quantitative PCR before and after 
incubation with either surfactant at doses that corresponded to aqueous-phase concentrations 
both above and below the critical micelle concentration (CMC). Two groups of organisms 
containing naphthalene- or salicylate-degrading bacteria increased in abundance substantially 
after incubation with both surfactants. In contrast, Brij 30 inhibited a third group of 
naphthalene/salicylate degraders and two groups of pyrene-degrading bacteria, and it 
modestly inhibited the predominant phenanthrene degrader at the highest dose. Within the 
first 4 days of incubation with Brij 30 at the lowest (sub-CMC) dose, the initial rate of 
naphthalene and phenanthrene mineralization increased significantly but the rates of pyrene 
and benzo[a]pyrene mineralization decreased. These results suggest that surfactant addition 
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can have differential effects on populations of organisms known to be responsible for 
contaminant degradation within a microbial community. 
5.2 Introduction 
The contamination of soils and sediments by polycyclic aromatic hydrocarbons 
(PAHs) is a common problem at industrial sites. Although PAHs are known to be 
biodegradable, the extent to which they are available to microorganisms capable of degrading 
them in a field-contaminated soil or sediment depends on site-specific conditions, 
particularly the solid-phase components with which PAHs associate. A number of studies 
have shown that only a fraction of any given PAH desorbs relatively rapidly from 
field-contaminated soil or sediment (Loehr et al. 2003; Lei et al. 2005), which can be 
comparable to the fraction available for biodegradation (Breedveld and Karlsen 2000; Lei et 
al. 2006). In situations in which PAH biodegradation is controlled by bioavailability, it is 
possible that conventional bioremediation will be insufficient to meet cleanup goals at a 
particular site. In such cases, strategies to mobilize the PAHs from their partitioning 
compartments in the solid phase might be warranted. 
Surfactants have been used to increase the release of hydrophobic organic compounds 
(HOCs) from soil to the liquid phase by solubilization into micelles (Yeom et al. 1996; 
Walters and Aitken 2001; Kim and Weber Jr. 2005). However, only a few studies have been 
conducted on the effects of surfactants on the biodegradation of PAHs in field-contaminated 
soil (Deschênes et al. 1996; Tiehm et al. 1997; Torres et al. 2005) and even fewer have 
evaluated the effects of surfactants on the microbial community in such systems. Carmichael 
and Pfaender (1997) evaluated the effects of two surfactants on phenanthrene-degrading 
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microorganisms in contaminated soil from a wood-treatment site, using 
most-probable-number (MPN) enumeration; neither surfactant led to a significant change in 
the number of phenanthrene degraders after a one-week incubation. Other studies have 
followed changes in the microbial community as a result of surfactant addition in soils spiked 
with PAHs, using “fingerprinting” methods such as denaturing-gradient gel electrophoresis 
(DGGE) analysis (Colores et al. 2000) and phospholipid fatty acid (PLFA) profiles (Joner et 
al. 2001). In neither case was it possible to quantify the effects of the surfactant on the 
PAH-degrading organisms. 
The objectives of the present study were to investigate the effects of surfactant 
addition on PAH-degrading populations in soil slurry from a bioreactor treating contaminated 
soil from a former manufactured-gas plant site, whether such effects were dose-dependent, 
and whether they might correspond to observed patterns of PAH biodegradation. Two 
nonionic, ethoxylated alcohol surfactants with different hydrophile-lipophile balance (HLB) 
values were used: polyoxyethylene(4) lauryl ether (Brij 30), which is a relatively 
hydrophobic surfactant (HLB 9.7), and octaethylene glycol mono n-dodecyl ether (C12E8), 
which is a relatively hydrophilic surfactant (HLB 13.1). Three doses were evaluated for each 
surfactant, corresponding to aqueous-phase concentrations below, slightly above and well 
above the critical micelle concentration (CMC). In a companion paper (Chapter 4) we 
describe the effects of these surfactants on PAH desorption and biodegradation in the soil 
slurry from the bioreactor. In the present study we quantified as a function of surfactant dose 
the naphthalene-, salicylate-, phenanthrene-, and pyrene-degrading bacteria in the bioreactor 
that had been identified previously by DNA-based stable-isotope probing (SIP) (Singleton et 
al. 2005; Singleton et al. 2006; Powell et al. 2008). Because Brij 30 was able to enhance PAH 
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degradation at the lowest (sub-CMC) dose (Chapter 4), we also evaluated its influence on 
initial rates of naphthalene, phenanthrene, pyrene and benzo[a]pyrene (BaP) mineralization 
at that dose. 
5.3 Materials and Methods 
5.3.1 Chemicals 
Brij 30, C12E8, [ring-UL-14C]salicylate, [UL-14C]naphthalene, [9-14C]phenanthrene, 
[4,5,9,10-14C]pyrene, and [7-14C]benzo[a]pyrene were all purchased from Sigma-Aldrich (St. 
Louis, Missouri). The specific activities were 10 mCi/mmol, 17.8 mCi/mmol, 8.3 mCi/mmol, 
61 mCi/mmol, and 26.6 mCi/mmol, respectively. 
5.3.2 Samples 
The soil used in this study was the effluent slurry from a bench-scale, aerobic 
bioreactor used to treat contaminated soil from a former manufactured-gas plant (MGP) site 
in Charlotte, NC that was operated as described in Chapter 4. Concentrations of PAHs in the 
soil before and after surfactant addition are reported in Chapter 4. 
5.3.3 Experimental Design 
The overall design of the experiments to evaluate the effects of surfactant addition on 
PAH biodegradation over a period of 18 d is described elsewhere (Chapter 4). Briefly, for 
each surfactant we first quantified its sorption to the soil to determine the aqueous-phase 
concentration as a function of surfactant dose. Three doses were then selected to correspond 
to an aqueous-phase concentration below, slightly above and well above the CMC. Brij 30 
was evaluated at doses of 5, 20 and 50 mg/g dry soil and C12E8 was evaluated at doses of 2, 
10 and 25 mg/g dry soil. Biodegradation of PAHs was quantified by comparing their 
concentrations before and after incubation relative to killed controls. The desorption of PAHs 
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was also quantified at the lowest dose for each surfactant. 
Preliminary experiments were performed to evaluate surfactant toxicity by following 
the mineralization of two water-soluble substrates: acetate as an indicator of general 
microbial activity (Tsitonaki et al. 2008) and salicylate as an indicator more specific to PAH 
metabolism. All preliminary experiments were conducted with soil from the bioreactor that 
was centrifuged and then re-suspended to a solids concentration of approx. 3% (wt:wt) with 
phosphate buffer (pH 7). 
Experiments were conducted to quantify specific organisms by real-time quantitative 
PCR (qPCR), mineralization of salicylate as a function of the selected surfactant doses, and 
mineralization of PAHs at the lowest dose of Brij 30, using the same batch of reactor slurry 
that was used for the biodegradation experiment. We evaluated only the lowest (sub-CMC) 
Brij 30 dose because 14C-PAH partitioning into micelles at the higher doses would have 
confounded interpretation of the mineralization data. PAH mineralization was not evaluated 
for C12E8 because it did not enhance PAH degradation at any dose (Chapter 4). For each 
experiment, the slurry was first centrifuged, the supernatant discarded, aliquots of the soil 
pellet distributed to replicate vessels, and the soil re-suspended to a solids concentration of 
10% (wt:wt) in phosphate buffer (pH 7). Killed controls were prepared by adding sodium 
azide to a concentration of 0.3 mg/mL (Chapter 4). 
5.3.4 Mineralization Assays 
Preliminary mineralization assays with [14C]acetate by bioreactor slurry amended 
with either surfactant at three different doses were carried out both immediately after 
surfactant addition and after 2 d of incubation. For mineralization assays with [14C]salicylate 
that were carried out in parallel with the biodegradation experiment, six replicate samples 
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were prepared for each of five conditions for each surfactant: no surfactant, surfactant at each 
of the three doses used in the biodegradation experiment, and killed controls. Each tube 
contained 6.35 mL of soil slurry (10% solids, wt:wt) and all tubes were shaken at 200 rpm at 
room temperature. Three tubes for each condition were taken from the shaker for DNA 
extraction (2 mL) and mineralization assays (4.35 mL) at day 4, and the remaining three 
tubes were removed for the same analyses at day 18. Separate mineralization assays were 
also carried out to compare initial rates of degradation of [14C]naphthalene, 
[14C]phenanthrene, [14C]pyrene, and [14C]benzo[a]pyrene by the reactor slurry microbial 
community incubated without or with Brij 30 (lowest dose only) at day 4 or day 18. 
All mineralization assays were carried out in triplicate in sterilized 40-mL EPA vials 
(Laboratory Supply Distributors, Mt. Laurel, NJ) with screw-top lids and Teflon®-lined 
silicone septa. Each assay consisted of adding 20,000 disintegrations per minute (dpm) of 
[14C]acetate or [14C]salicylate dissolved in water, or 14C-labeled PAH dissolved in dimethyl 
sulfoxide (DMSO), into soil slurry in the EPA vials. Incubations with the radiolabeled 
substrate were terminated within the period over which mineralization was approximately 
linear for naphthalene, phenanthrene, and benzo[a]pyrene (20 min for naphthalene and 
phenanthrene, 24 h for benzo[a]pyrene) (Powell 2008). Incubations with pyrene were 
terminated within 16 h. Other details of mineralization assays are described elsewhere 
(Singleton et al. 2008). 
5.3.5 Residual Surfactant Concentration 
The surface tension of the filtered liquid phase in the biodegradation experiment was 
analyzed by a Du Nouy tensiometer (CSC Scientific Co., INC. Fairfax, VA) after necessary 
dilutions were made to get a final surface tension corresponding to a surfactant concentration 
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below the CMC. The concentration of residual surfactant was calculated by using a 
calibration curve of surface tension vs. surfactant concentration. 
5.3.6 qPCR 
Whole-community DNA was extracted from 2 mL of slurry in triplicate samples 
without surfactant addition at day 0 and for each incubation condition except the killed 
controls, using the MoBio (Carlsbad, CA) UltraClean Soil DNA kit. Samples containing Brij 
30 were analyzed by qPCR at both day 4 and day 18, but the samples containing C12E8 were 
analyzed at day 18 only. For each reaction, 1 µL of the extracted and purified DNA was 
analyzed in a SmartCycler system (Cepheid, Sunnyvale, CA) with a SYBR®Green PCR kit 
(Qiagen Inc., Valencia, CA). Total bacterial 16S rRNA genes and the 16S rRNA genes 
associated with each of six groups of bacteria in the bioreactor slurry previously identified as 
significant degraders of naphthalene, salicylate, phenanthrene, or pyrene by SIP were 
quantified using primers and methods described elsewhere (Singleton et al. 2005; Singleton 
et al. 2006; Singleton et al. 2007; Powell et al. 2008) and summarized in Table 5.1 of the 
Supporting Information.. For each group of bacteria, the absolute gene number and the 
abundance of that group relative to total eubacteria were calculated using group-specific 
standard curves as described elsewhere (Singleton et al. 2006; Singleton et al. 2007; Powell 
et al. 2008;). 
5.4 Results 
5.4.1 Preliminary Experiments 
Initial rates of mineralization of [14C]acetate were measured to test the potential 
toxicity of Brij 30 and C12E8 to the general microbial community. Each surfactant appeared 
to inhibit acetate mineralization slightly immediately after the surfactant was added to the 
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Table 5.1 Primers and qPCR conditions. 
Target group qPCR standarda Primer Nameb and Sequence 5’→3’ (E. coli numbering)c No. RDP-II Sequencesd 
Amp. Eff. 
(BAC; group)e 
Bacteria ----------- 341F: CCTACGGGAGGCAGCAG (341-357) 517R: ATTACCGCGGCTGCTGG (517-533) n.d. n.d. 
SAL group 1 
(β-Proteobacteria) 
SalCon44 
(EF101819) 
SALgrp1F: GGCAGCACGGGAGCAAT (68-90) 
SALgrp1R: AGATCGTCGGCTTGGTG (269-285) 200 1.96; 1.99 
SAL group 2 
(γ-Proteobacteria) 
SalCon01 
(EF101781) 
SALgrp2F: CTGGGAACTGCATCCAAAACTA (625-646) 
SALgrp2R: TAAGTTCTCAAGGAACCCAACAA (765-787) 9 2.01; 2.09 
SAL group 3 
(β-Proteobacteria) 
SalCon39 
(EF101815) 
SALgrp3F: GAACGTGCCCTGTAGT (128-143) 
SALgrp3R: CGCTCCTGTAGCGCGA (216-231) 52 1.94; 2.00 
Acidovorax Spp. PHE7d8 PHE7d7 
AcidF: TAACGGAGCGAAAGCTT 
AcidR: GTCCGCGCAAGGCCTT 99 1.98; 1.95 
PYR Group 1 
(β-Proteobacteria) 
PYR10d2 
(DQ123667) 
Eub338F: ACTCCTACGGGAGGCAGC (338-355) 
PG1R: TAGCAGGCCGTATTAAGAC (460-478) 1 1.97; 1.97 
PYR Group 2 
(γ-Proteobacteria) 
PYR10d3 
(DQ123668) 
PG2F: GCACAGGGTAGCTTGCTATC (72-91) 
PG2R: CGCAGGCTCATCTTTCC (222–238) 3 1.89; 1.89 
 
a Clone or organism used to generate qPCR standard curves with bacterial- and group-specific primers. The corresponding GenBank 
accession number is in parentheses. b Bacterial primers from Muyzer et al. (1993), Eub338F from Amann et al. (1990), SAL group 
primers from Powell et al. (2008), AcidF and AcidR from Singleton et al. (2007), and PYR Group primers from Singleton et al. (2006). 
c
 According to Brosius et al, 1978. d Number of RDP-II sequences that could bind both primers with no mismatches at the time of 
submission. n.d., not determined. e Amplification efficiency with bacterial (BAC) primers and group-specific (Group) primers and the 
indicated template 
DNA.
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Figure 5.1 Mineralization of [14C]acetate in soil slurry with surfactant addition at various 
doses immediately after the addition or after 2 days of incubation with the surfactant. Values 
are means and standard deviations of duplicate incubations. 
 
soil slurry, but mineralization was greatly enhanced if the surfactant was allowed to 
equilibrate with the soil over a 2-d period (Figure 5.1). The mineralization of salicylate was 
evaluated to determine whether surfactant addition might affect the metabolism of a 
water-soluble substrate known to be an intermediate in the degradation pathway for several 
PAHs (Sutherland et al. 1995). Both surfactants inhibited initial rates of salicylate 
mineralization when they were initially added to the slurry at 40 mg/g. With a 2-d 
pre-equilibration period, however, the mineralization activity in samples with C12E8 was 
comparable to that of the controls without surfactant, whereas Brij 30 addition substantially 
increased salicylate mineralization (Appendix K). 
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Figure 5.2 Mineralization of [14C]salicylate by the microbial community in soil slurry 
incubated with various doses of (a) Brij 30 or (b) C12E8 for different periods of time. Values 
are means and standard deviations of triplicate incubations. Day 0 is immediately after 
adding the surfactant. 
 
5.4.2 Salicylate and PAH Mineralization 
After observing the apparent stimulation of salicylate mineralization in the 
preliminary experiments, we quantified salicylate mineralization at the three surfactant doses 
selected for the PAH biodegradation experiments (Chapter 4). As shown in Figure 5.2, the 
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mineralization of salicylate was initially inhibited when either surfactant was added to the 
slurry, except for C12E8 addition at the lowest dose (2 mg/g). After 4 d of incubation, 
salicylate mineralization was still inhibited in the samples incubated with the two higher 
doses of either surfactant, but it increased in the samples with the lowest dose (corresponding 
to aqueous surfactant concentrations below the CMC for both Brij 30 and C12E8). The 
stimulation effect was greater for Brij 30 than for C12E8. The mineralization of salicylate 
increased substantially in samples with either surfactant at all doses after 18 d of incubation. 
Because Brij 30 at the lowest (sub-CMC) dose had the greatest effect on PAH 
degradation (Chapter 4), we evaluated its effect on the mineralization of naphthalene, 
phenanthrene, pyrene, and BaP as representative 2-, 3-, 4-, and 5-ring compounds, 
respectively (Figure 5.3). Initial rates of mineralization increased significantly within four 
days of incubation with Brij 30 for naphthalene and phenanthrene, whereas pyrene and BaP 
mineralization were both inhibited over this period. After 18 d, however, pyrene 
mineralization was slightly higher in the presence of Brij 30 than in the surfactant-free 
control, and BaP mineralization was comparable to that observed in the control. 
5.4.3 Residual Surfactant Concentration 
The aqueous-phase concentrations of surfactant in the slurry with the two lower doses 
of Brij 30 or all three doses of C12E8 after 18 d were negligible. The surface tension measured 
in the slurry at the highest dose of Brij 30, however, was about two times the value that 
would have corresponded to the predicted equilibrium surfactant concentration in the liquid 
phase at that dose (Appendix J). The residual concentration of either surfactant at the highest 
dose in the killed controls was about 30% of the predicted equilibrium surfactant 
concentration (Appendix J).  
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Figure 5.3 Mineralization of [14C]naphthalene, [14C]phenanthrene, [14C]pyrene and 
[14C]benzo[a]pyrene in soil slurry without (black bars) or with (white bars) Brij 30 addition 
at 5 mg/g. Values are means and standard deviations of triplicate incubations. 
 
5.4.4 Quantitative PCR 
The effects of surfactant addition on total bacterial 16S rRNA genes and on 16S genes 
for six groups of organisms previously identified as degraders of salicylate, naphthalene, 
phenanthrene or pyrene are summarized in Figure 3 for Brij 30 and Figure 4 for C12E8. The 
total bacterial 16S rRNA gene copy number increased slightly after 18 d of incubation with 
Brij 30 with each increase in dose. It also increased by about an order of magnitude at the 
two higher doses of C12E8, but was not affected at the lowest dose. 
Three groups of organisms in the bioreactor slurry that previously were associated 
with salicylate degradation (Powell et al. 2008) were quantified. Two of these groups, 
referred to as SG2 and SG3, are closely related to naphthalene-degrading bacteria identified 
in the same bioreactor slurry (Powell et al. 2008). The third group, SG1, is not closely related 
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Figure 5.4 Log number per gram soil (a) and relative abundance (b) of total bacterial 16S 
rRNA genes (BAC) and 16S rRNA genes from specific bacterial groups in the original soil 
slurry and in slurry incubated with various doses of Brij 30 for 18 days. SG1, SG2, and SG3 
are salicylate-degrading bacteria, ACI is a group of phenanthrene-degrading Acidovorax spp., 
and PG1 and PG2 are groups of pyrene-degrading bacteria. Values are means and standard 
deviations of duplicate measurements for each of triplicate samples. 
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Figure 5.5 Log number per gram soil (a) and relative abundance (b) of total bacterial 16S 
rRNA genes and 16S rRNA genes from specific bacterial groups in the original soil slurry 
and in slurry incubated with various doses of C12E8 for 18 days. Other notes as in Figure 3. 
 
to the identified naphthalene-degrading bacteria in the bioreactor. The copies of 16S rRNA 
genes from SG1 and SG3 increased substantially in the samples that had been incubated with 
either surfactant at all three doses for 18 d (Figures 5.4 and 5.5). Groups SG1 and SG3 
comprised less than 0.01% and about 0.001%, respectively, of the total bacterial 16S rRNA 
(b) 
(a) 
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genes in the original slurry before surfactant addition, but they represented about 1% and 
30%, respectively, of the total bacterial 16S rRNA genes after incubation for 18 d with Brij 
30 at the two lowest doses (Figure 5.4b). The increase in 16S rRNA gene copies from SG1 
and SG3 at the highest dose of Brij 30 was not as high as at the lower two doses. Although 
C12E8 addition also increased the relative abundances of SG1 and SG3 (Figure 4), the 
increases were not as great as with Brij 30. The relative abundance of the 16S rRNA genes 
from SG2 was less than 0.001% in all samples, with Brij 30 addition decreasing the relative 
abundance compared to the surfactant-free control (Figure 5.4).  
In previous work we identified Acidovorax spp. as the predominant 
phenanthrene-degrading bacteria in the bioreactor slurry (Singleton et al. 2005; Singleton et 
al. 2008). The addition of either surfactant did not have a significant effect on Acidovorax 
organisms, except the 16S rRNA gene copy number decreased slightly at the highest dose of 
Brij 30 (Figure 5.4a). 
Two groups of bacteria (PG1 and PG2) unrelated to any cultivated organism were 
previously identified as the predominant pyrene-degrading bacteria in the bioreactor 
(Singleton et al. 2006). Copies of the 16S rRNA genes from PG1 were not affected by Brij 30 
at the lowest dose, but declined significantly at the two higher doses (Figure 5.4a). In contrast, 
the addition of C12E8 did not affect PG1 at any dose (Figure 5.5a). Both surfactants, however, 
decreased the 16S rRNA genes from PG2, although the effect was not statistically significant 
at the lowest dose of C12E8 (Figure 5.5a). 
5.5 Discussion  
The effects of surfactant addition on PAH degradation in contaminated soil pretreated 
in an aerobic, slurry-phase bioreactor is reported in Chapter 4, and are briefly summarized for 
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Brij 30 in Table 5.2. The concentrations of all 3- and 4-ring PAHs were significantly reduced 
in the slurry amended with Brij 30 at the two lower doses compared to controls, whereas 
removal of only the 3-ring PAHs was significantly enhanced at the highest Brij 30 dose. In 
contrast, C12E8 did not enhance PAH removal at any dose. 
Table 5.2 Effects of Brij 30 addition on PAH degradation in reactor slurry reported in 
Chapter 4. 
PAH groups a Brij 30 dose 
mg/g naphthalene 3-ring 4-ring 5-, 6-ring 
5 – + + – b 
20 – + + – 
50 – + – – 
a
 “+” indicates significant enhancement in degradation compared to controls, 
and “–” indicates no effect. 
b Brij 30 addition at the lowest dose significantly increased the biodegradation 
of benzo[a]pyrene. 
 
The overall increase in total bacteria by Brij 30 at each dose was less than an order of 
magnitude, but it was greater than an order of magnitude for C12E8 at the two higher doses. 
Two groups of salicylate-degrading organisms, SG1 and SG3, increased in abundance 
substantially after incubation with both surfactants, although the increase in relative 
abundance was much greater in response to Brij 30. We could not determine whether all 
sequences that were amplified by the qPCR primers were from organisms capable of 
degrading salicylate. However, the substantial increase in initial mineralization rate of 
salicylate in the same samples (Figure 5.2) strongly suggests that the sequences amplified 
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during qPCR are associated with salicylate-degrading bacteria in the targeted groups. Group 
SG3, which comprises organisms related to Ralstonia spp. (Powell et al. 2008), has been 
associated with naphthalene degradation in the bioreactor, but group SG1 has not (Powell et 
al. 2008). It is possible that improved bioavailability of PAHs or other contaminants 
stimulated the growth of these organisms, or that they used the surfactant as a growth 
substrate (Tiehm 1994; Kan and Deshusses 2006). For the former mechanism, we would 
expect an improvement in bioavailability of PAHs after the addition of either surfactant. The 
addition of C12E8, however, did not improve the bioavailability of any PAH, and Brij 30 did 
not increase the bioavailability of naphthalene (Chapter 4). The apparent loss of C12E8 (all 
three doses) and Brij 30 (the two lower doses) over the 18-d incubation period is consistent 
with their possible use as growth substrates. However, our only means of monitoring residual 
surfactant concentration was surface tension, which provides only an indirect measure of 
changes in surfactant concentration.  
Brij 30 inhibited the phenanthrene-degrading Acidovorax spp. at the highest dose, the 
salicylate- and naphthalene-degrading group SG2 and the pyrene-degrading group PG1 at the 
two higher doses, and the pyrene-degrading group PG2 at all three doses (Figure 5.4a). In 
contrast, C12E8 only inhibited PG2 at the two higher doses (Figure 5.5a). Thus, it appears that 
Acidovorax organisms, SG2, and PG1 tolerated C12E8 better than Brij 30. This is consistent 
with the observation that the toxicity associated with membrane-damaging effects of 
surfactants decreases with increasing hydrophilicity (Tiehm 1994), although we have no 
evidence for selective toxicity in the present study. The stimulation or inhibitory effect on 
different organisms caused by each surfactant demonstrates that the sensitivity of different 
PAH-degrading groups to the surfactant is both organism- and surfactant-specific.  
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Although Brij 30 substantially increased the abundance of naphthalene degraders, 
naphthalene degradation was not improved at any dose of Brij 30 (Table 5.2), which was 
explained by an inability of Brij 30 to enhance the desorption or solubilization of naphthalene 
in the soil slurry (Chapter 4). These organisms clearly grew on substrates other than 
naphthalene after Brij 30 addition, but from the available data it is not possible to elucidate 
which ones. 
The abundance of the predominant phenanthrene degraders in the soil slurry, 
Acidovorax organisms, was not influenced by Brij 30 addition at the two lower doses. The 
removal of phenanthrene, however, was enhanced by Brij 30 at all three doses (Table 5.2) 
and the initial rate of phenanthrene mineralization was enhanced by Brij 30 at the lowest dose 
(Figure 5.3). It is possible that, despite the increased bioavailability of phenanthrene in the 
presence of Brij 30 (Chapter 4), the mass of phenanthrene released did not lead to measurable 
changes in the abundance of Acidovorax spp. In addition, Acidovorax spp. are not necessarily 
the only organisms capable of growing on or mineralizing phenanthrene, especially when a 
mixture of PAHs is available (Singleton et al. 2007). The increase in the initial rate of 
phenanthrene mineralization in response to Brij 30 suggests that there was a significant 
increase in the concentration of organisms collectively capable of mineralizing phenanthrene. 
Of the bacterial groups we followed by qPCR, the only two that increased substantially in 
abundance after Brij 30 addition, SG1 and SG3, were not previously associated with 
phenanthrene degradation (Powell et al. 2008). It is therefore likely that increased 
degradation of phenanthrene in response to Brij 30 was caused by increases in the abundance 
of organisms that we did not quantify and/or have not previously been identified in the 
bioreactor community. 
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The fact that C12E8 did not enhance PAH removal at any dose was attributed to the 
inability of C12E8 to improve the desorption of any PAH (Chapter 4). Therefore, the changes 
in abundance of PAH-degrading organisms after C12E8 addition do not correspond to 
increased PAH biodegradation, and were only in response to the presence of the surfactant. 
The fact that C12E8 stimulated growth of the same two sets of naphthalene/salicylate 
degraders as Brij 30, but did not improve PAH degradation, suggests that both enhanced 
desorption and increases in organism abundance are necessary to improve PAH degradation. 
Despite the prevalence of molecular tools in microbial community analysis, there are 
still relatively few studies in which these tools have been used to evaluate biological 
treatment of field-contaminated soil or sediment. In studies on HOC-contaminated systems, 
investigators have used DGGE coupled to identification of 16S ribosomal RNA (rRNA) 
sequences of selected bands (Viñas et al. 2005), fluorescence in-situ hybridization (Hess et al. 
1997), PLFA profiles (Ringelberg et al. 2001; Bundy et al. 2002), clone libraries (Ni 
Chadhain et al. 2006; Popp et al. 2006), and qPCR of functional genes relevant to aromatic 
and aliphatic hydrocarbon metabolism (Ringelberg et al. 2001). In previous studies in our lab, 
qPCR was used to quantify the response to enrichment with salicylate (Powell et al. 2008) or 
phthalate (Singleton et al. 2008) by PAH- and salicylate-degrading bacteria that previously 
had been identified by stable-isotope probing of the same bioreactor slurry used in the 
present study. Cultivation-based techniques have also been used to evaluate the effects of 
biological treatment on the microbial communities in field-contaminated soil. For example, 
Cassidy et al. (2002) observed an increase in biosurfactant-producing bacterial species under 
conditions that corresponded to biosurfactant production during slurry-phase biological 
treatment of a diesel-contaminated soil. It has also been observed that in closed systems such 
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as bioreactors treating hydrocarbon-contaminated soils, enrichment of some species may 
result in an apparent rather than an actual decrease in diversity (Stoffels et al. 1998; Creene et 
al. 2002). In the present study, we did not employ community “fingerprinting” methods such 
as DGGE because it would not be possible to ascribe changes in the community to the 
surfactant as a possible growth substrate or selective toxicant as opposed to its ability to 
improve the bioavailability of hydrophobic contaminants. 
Surfactants have been observed to serve as growth substrates for microorganisms, 
especially for the easily degradable surfactants (Singer et al. 2000; Garcia et al. 2001); 
therefore, the addition of a surfactant to soil can lead to enrichment of surfactant-degrading 
organisms (Tiehm et al. 1997). Our two-stage approach of adding the surfactant in a batch 
treatment process after conventional slurry-phase biological treatment would preclude the 
enrichment of surfactant degraders during the primary bioremediation stage. We have 
demonstrated that surfactant addition under these conditions can lead to substantial changes 
in populations of indigenous organisms capable of degrading the target contaminants, both 
positively and negatively. Although the application of molecular tools such as SIP and qPCR 
has improved our ability to study population dynamics in field-contaminated soil, more work 
still needs to be done to fully understand the responses of indigenous microorganisms to 
remediation strategies. 
5.6 Acknowledgments 
We thank Dr. David Singleton for assistance with the molecular analyses. This work 
was supported by the National Institute of Environmental Health Sciences’ Superfund Basic 
Research Program (5 P42 ES05948). 
 
6. Conclusions and Recommendations 
6.1 The following conclusions are drawn from the experimental results according to the 
specific objectives 
1. Evaluate the effects of anaerobic incubation on the desorption of PAHs from 
contaminated soils 
For most of the PAH, the total amount desorbed after 18 d from anaerobically 
incubated samples was significantly greater than from their counterparts not subjected to 
anaerobic incubation, although the overall effect was modest. A two-site desorption model 
was applied to quantify the fast- and slowly desorbing fractions of each PAH and the 
corresponding first-order rate constants for each fraction. The rate constant corresponding to 
the slowly desorbing fraction was much higher for the samples incubated under active 
anaerobic conditions than for the controls, implying that anaerobic incubation had the 
greatest influence on the soil compartment(s) controlling the slow release of PAH. Anaerobic 
incubation had little to no effect on the fast-desorbing fraction. 
2. Evaluate the effects of surfactant addition on desorption and biodegradation of PAHs 
from contaminated soil 
Surfactant addition was evaluated with contaminated soil that had been pretreated in 
an aerobic bioreactor, which I believe is the most relevant application of surfactants to 
enhance PAH bioavailability in the field. The concentrations of all 3- and 4-ring PAHs were 
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significantly reduced in the soil amended with Brij 30 at the doses corresponding to 
equilibrium aqueous-phase concentrations both above and below the CMC. In contrast, C12E8 
did not enhance PAH removal at any dose. Brij 30 addition at the lowest dose significantly 
increased the desorption of most PAHs, whereas the addition of C12E8 at the lowest dose 
actually decreased the desorption of most PAHs. These findings suggest that the effects of 
the surfactants on PAH biodegradation could be explained by their effects on PAH 
bioavailability, and that hydrophobic surfactants might be better suited to enhance the 
bioavailability of PAHs than hydrophilic surfactants. No attempt was made to optimize the 
Brij 30 dose in this study. 
3. Evaluate the effects of surfactant addition on populations of PAH-degrading bacteria in 
contaminated soil 
Two groups of organisms associated with degradation of naphthalene or salicylate 
increased in abundance substantially after incubation with both surfactants. In contrast, Brij 
30 inhibited a third group of naphthalene/salicylate degraders and two groups of 
pyrene-degrading bacteria, and it modestly inhibited the predominant phenanthrene degrader 
at the highest dose. Within the first 4 days of incubation with Brij 30 at the lowest (sub-CMC) 
dose, the initial rate of naphthalene and phenanthrene mineralization increased significantly 
but the rates of pyrene and benzo[a]pyrene mineralization decreased. These findings suggest 
that surfactant addition can have selective effects on populations of bacteria known to 
degrade specific compounds in contaminated soil. 
6.2 Recommendations for future work 
6.2.1 For studies addressing the effect of anaerobic incubation 
Future experiments to study the effect of anaerobic incubation on PAH desorption 
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should be conducted over a longer term, because the difference between the percent PAH 
desorbed from anaerobically incubated and original wood-preserving soil was more 
significant when the duration of desorption was longer, especially for the HMW PAHs 
(Figure 1. in Chapter 3). Experiments of larger scale on a longer-term should be carried out 
to further evaluate the effects of anaerobic incubation on PAH desorption from 
field-contaminated soil for the application of this approach. For example, a soil column run 
under anaerobic conditions could be designed. 
Aerobic biodegradation experiments should be conducted after the contaminated-soil 
is anaerobically incubated. The current study only addressed the effect of anaerobic 
incubation on the desorption of PAHs from soil, so the result of subsequent biodegradation 
experiments should tell whether the improvement of bioavailability can potentially increase 
the rate and overall extent of PAH degradation. 
6.2.2 For studies addressing the effect of surfactant addition 
Brij 30 addition at a sub-CMC aqueous concentration enhanced the desorption and 
biodegradation of PAHs in a field-contaminated soil from a former MGP site. Other 
field-contaminated soils should be tested in addition to the one in this study, since previous 
research on surfactant addition is often site-specific. Because only two surfactants were 
evaluated in the present study, more nonionic surfactants covering a range of HLB values 
should be tested to determine if the positive effects of Brij 30 are primarily a result of its 
relative hydrophobicity. 
Mineralization assays with more PAHs could be done, and results would reveal the 
change in degradation rates of a broader range of PAHs caused by surfactant addition. 
Experiments of continuous or semi-continuous addition of surfactant could be carried 
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out. In earlier work, different methods (spike or continuous) of salicylate addition were found 
to select for different members of the microbial community (Powell et al. 2008). In the 
current research, a spike addition of Brij 30 at 5 mg /g enhanced the biodegradation of most 
PAHs in a period of 18 days, but still inhibited several groups of PAH-degrading bacteria. 
Surfactant addition at higher doses is more likely to inhibit PAH biodegradation (Willumsen 
et al. 1998; Li et al. 2005). If, for example, the 5 mg/g of Brij 30 were to be added 
continuously rather than as a single spike, the loading per day would be much less, and the 
cumulative loading of Brij 30 in 18 days would be the same. The results of adding surfactant 
continuously would probably have different effects on the microbial community and, 
correspondingly, on PAH biodegradation than those observed in this study. 
Future experiments should evaluate the genotoxicity of the soil slurry before and after 
surfactant addition. Brij 30 addition at a sub-CMC aqueous concentration increased pyrene 
degradation but decreased the initial rate of pyrene mineralization at day 4, which suggests 
that intermediates of pyrene metabolism might have been produced. Many intermediates of 
PAH metabolism are more toxic than the original compound (Harvey et al. 2004; 
Zielinska-Park et al. 2004). 
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Appendix A. Test of the function of sodium azide as a biocide 
Mineralization assays with 14C-naphthalene were used to test the function of 
sodium azide as a biocide. The procedure of this assay was described in Chapter 4. The 
setup of this experiment was the same as in the desorption experiment in Chapter 3 
except that no beads were added or replaced. At day1, 3, 8 and 18, the aqueous phase was 
removed and fresh medium (with NaN3) was added. Triplicate samples were used for 
mineralization assay with 20,000 dpm 14C-naphthalene at day 8 of desorption. Another 
triplicate samples were subjected to the same procedure at day 18 of desorption. The 
controls without NaN3 were also prepared. 
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Figure A. Result of mineralization assays with 14C-naphthalene to test the function of 
sodium azide as a biocide.  
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Appendix B. Percent PAH recovered at the end of the desorption experiment in Chapter 3 
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Figure B. Percent PAH recovered from the Tenax beads (shaded bars) and from the WP 
(a) or WPA (b) soil (white bars) at the end of the desorption experiment. 
(a) 
(b) 
  123
Appendix C. Comparison of the correlation coefficients (r2) obtained from the two-site 
desorption model and one-site desorption model 
A one-site model, assuming the PAHs were uniformly distributed in the soil 
aggregates. The expression of the one-site model can be described by the following 
equation:  
Ct/C0 = 1-fe(-kt) (C.1) 
 
Table C. Correlation coefficients (r2) obtained from the two-site desorption model 
and one-site desorption model. 
 r
2
 
 two-site model one-site model 
NAP 1.0000 n/a 
ACE 1.0000 0.8963 
FLU 1.0000 0.9047 
PHN 0.9992 0.8039 
ANT 0.9999 0.8405 
FLA 0.9999 0.8840 
PYR 1.0000 0.8153 
BaA 1.0000 0.8915 
CHR 0.9999 0.8831 
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Appendix D. Percent PAH recovered at the end of the desorption experiment in Chapter 3 
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Figure D. Percent PAH recovered (sum of the amount of PAH desorbed and remaining in 
the MGP soil) at the end of the desorption experiment under different incubation 
conditions. 
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Appendix E. Summary of unreported fitting parameters in Chapter 3 
Table E. Summary of regression results for the rapidly desorbing fraction (f) and rate 
coefficient for the rapidly desorbing fraction (k2) of the MGP soil incubated under 
different conditions before desorption measurements. 
 Best-fit Value of f Best-fit Value of k1 (d-1) 
PAH C AH AM C AH AM 
NAP n/a 0.01±0.00 0.01±0.00 0.40±3.78 1.13±2.03 2.94±10.51 
ACE n/a 0.04±0.02 0.13±0.11 0.73±3.24 2.96±12.50 2.18±8.66 
FLU 0.03±0.99 0.03±0.01 0.05±0.03 0.56±3.89 1.40±1.21 2.731±0.52 
PHN 0.14±6.23 0.03±0.02 0.05±0.02 0.12±2.56 n/a 2.78±7.91 
ANT 0.13±0.58 0.03±0.01 0.06±0.02 0.14±0.87 2.31±6.24 2.11±3.85 
FLA 0.07±0.01 0.01±0.01 0.03±0.01 0.10±0.25 n/a 1.28±1.79 
PYR 0.06±3.10 n/a 0.03±0.01 0.10±0.06 2.59±4.43 0.99±1.12 
BaA 0.05±0.01 n/a 0.01±0.01 0.08±0.40 n/a 0.91±1.72 
CHR 0.05±2.21 n/a 0.01±0.01 0.09±0.37 n/a 0.90±1.64 
BbF 0.03±0.00 n/a n/a 0.10±1.16 1.12±2.72 0.99±3.31 
BkF 0.01±0.00 n/a n/a 0.09±1.22 n/a 1.07±3.51 
BaP 0.02±1.36 n/a n/a 0.10±1.92 2.34±8.64 1.23±5.07 
DbA 0.02±0.00 n/a n/a 0.12±5.63 1.04±2.76 1.841±3.11 
BgP 0.01±4.32 n/a n/a 0.23±5.22 1.21±5.41 1.711±2.15 
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Appendix F. Fraction of PAH desorbed after 18 d vs. initial concentration for the MGP 
soil samples 
Table F. Fraction of PAH desorbed after 18 d vs. initial concentration for the MGP soil 
samples. 
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Appendix G. Kinetics of solubilization of PAHs from the reactor slurry by Brij 30 
The kinetics of the solubilization process showing the amount of PAHs in the 
liquid phase changing with time was evaluated. The dose tested for the solubilization 
kinetics by Brij 30 was 120 mg/g. The reactor slurry used was with a diluted solid content 
of 3.3%. Fourteen replicate samples were prepared by mixing 1.0 g soil (dry weight), 120 
mg Brij 30, sodium azide as a biocide and phosphate buffer (pH = 7) in 30 mL centrifuge 
tubes. The tubes were shaken at room temperature in a rotary shaker. At 1.5, 3, 6, 11, 24, 
48, and 99 hours after starting shaking, two tubes of each surfactant dose were 
centrifuged at 3000rpm for 20 min. Other procedures were similarly described in Chapter 
4. Figure G shows that the fraction of PAH solubilization did not increase after 48 hours, 
namely the partition of PAH in the soil phase and the pseudo-phase in the surfactant 
micelles reached equilibrium in 48 hours. 
The solubilization of anthracene had the greatest rate and extent of all the PAHs; 
more than 50% of anthracene was solubilized at the end of two days. The solubilization 
behaviors for all four, five and six ring PAHs except pyrene were quite similar to each 
other: around 40% of these PAHs were solubilized into the liquid phase by Brij 30. Only 
about 20% of phenanthrene and pyrene and less than 10% of indeno[1,2,3-c,d]pyrene 
were solubilized. No naphthalene, acenaphthene or fluorene could be detected in the 
liquid phase by HPLC. 
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Figure G. Solubilization of PAH from the reactor slurry by Brij 30 represented as 
percentage of PAH solubilized in the liquid phase changing with time. Relative standard 
deviation for most data points was less than 10%, and the error bars were not shown. 
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Appendix H. Percent PAH recovered from the liquid and solid phases of the 
reactor slurry incubated with Brij 30 at the highest dose after 4 or 8 days in Chapter 4 
Significant amount of PAH only presented in the liquid phase of reactor slurry 
with high dose of addition and the amount appeared in the liquid phase in all other 
samples was negligible.  
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Figure H. Mass balance for samples with highest Brij 30 dose at Day 4 (a) or Day 18 (b) 
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Appendix I. Desorption experiment testing the addition of C12E8   
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Figure I. Percent of PAH mass cumulatively desorbed from the soils after 18 days with 
C12E8 addition (2 mg/g) and without surfactant addition. The data are means and standard 
deviations of triplicate samples. 
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Appendix J. Residual concentration of Brij 30 or C12E8 in the liquid phase after 18 days   
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Figure J. Residual concentration of Brij 30 or C12E8 in the liquid phase after 18 days 
(white bars) and predicted equilibrium liquid-phase concentration of Brij 30 or C12E8 at 
corresponding doses (black bars). The residual surfactant concentrations in samples under 
other incubation conditions were negligible. 
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Appendix K. Mineralization assay with 14C-salicylate  
0
1000
2000
3000
4000
5000
295 590 1180 2950 Pos. Ctr Blank
Initial aqueouos conc. of surfactants (mg/L)
14
CO
2 
pr
o
du
ce
d 
 
.
Day 0
Day 2
 
0
500
1000
1500
2000
2500
3000
3500
62 124 247 619 Pos. Ctr Blank
Initial aqueouos conc. of surfactants (mg/L)
14
CO
2 
pr
o
du
ce
d 
 
.
Day 0
Day 2
 
Figure K. Mineralization of [14C]salicylate by the microbial community in soil slurry 
amendedwith various doses of (a) Brij 30 or (b) C12E8, either immediately after the 
surfactants were added, or after two days’ incubation with surfactants. 
(a) 
(b) 
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Appendix L. Biodegradability of Brij 30 and C12E8 
The biodegradability experiments approved that both Brij 30 and C12E8 were 
readily biodegradable surfactants. More than 99% of C12E8 was biodegraded by Day 6 
after the addition and more than 90% of Brij 30 was biodegraded by Day 6 as well 
(Figure L).  
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Figure L. Measurement of biodegradability of Brij 30 and C12E8 and mineralization with 
[14C]salicylate by the reactor slurry after addition of surfactants. The concentrations of 
C12E8 (▲) and Brij 30 (●) in the aqueous phase were monitored in a period of 20 days. 
Mineralization assays with [14C]salicylate by reactor slurry added with the same amount 
of C12E8 (∆) and Brij 30 (○) or without any addition of surfactant as a control () were 
carried out along with the surfactant biodegradability experiments.  
 
At the end of two days, over which the sorption of surfactant to soil should have 
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completed, the concentration of C12E8 was higher in the aqueous phase than that of Brij 
30, implied the sorption of Brij 30 to the soil in the present study was stronger than that 
of C12E8. However, from Day 2 to the end of the biodegradability test, the concentration 
of C12E8 in the aqueous phase was lower than that of Brij 30, suggesting that C12E8 was a 
more readily biodegradable surfactant than Brij 30 by the microbial community in the 
reactor slurry. However, the addition of Brij 30 was observed to be able to substantially 
stimulate the mineralization of salicylate, compared to the control samples, while C12E8 
could not do that at the dose tested. 
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Appendix M. Dose-dependent solubilization of PAHs by Brij 30
 
Six doses, 7, 13, 50, 67, 100, and 115 mg/g, were selected for the study of the 
effect of surfactant dose on equilibrium liquid concentration of PAHs, leading to 
estimated Brij 30 equilibrium aqueous concentrations all above its CMC. After 
centrifugation, reactor slurry pellet, sodium azide, Brij 30, and phosphate buffer were 
mixed in 40 mL centrifuge tubes to form final slurry with a solid content of 10%. All 
tubes were shaken for two days, and the liquid phase was analyzed for PAH 
concentration following the procedures described in Chapter 4.  
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Figure M. Equilibrium PAH liquid-phase concentration at different Brij 30 doses. 
No PAH could be detected in the samples with the two lowest Brij 30 loadings 
of 7 and 13 mg/g. Amount of PAH solubilized increased as the loading of Brij 30 
increasing. The highest Brij 30 loading solubilized about 28% of the total PAH mass (Fig. 
M). Strangely, naphthalene and acenaphthalene, which have the lowest molecular weights, 
could not be solubilized at even the highest dose of Brij 30 addition. 
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Appendix N. Regression of surfactant sorption isotherms
 
The sorption of either Brij 30 or C12E8 to the reactor slurry was observed to follow 
the Langmuir isotherm:  
S = SmaxKC / (1+KC)  (N.1) 
S is the concentration of surfactant sorbed by soil (mg/g); C is aqueous 
concentration of surfactant (mg/L); and K is the Langmuir equilibrium constant (L/mg), 
which increases with an increase in the strength of sorption. Smax is the maximum 
concentration of surfactant absorbed by soil (mg/g). The isotherm was fitted by Langmuir 
Linear Regression proposed by Langmuir himself (Langmuir 1916), which has very little 
sensitivity to data error. A rewritten equation of equation (S1) is: 
C/S = C/Smax + 1/(KSmax)  (N.2) 
Thus a plot of (C/S) versus (C) yields a slope = 1/Smax and an intercept = 
1/(KSmax). The parameter values reported in Chapter 4 were obtained by this approach. 
Best-fit values for Smax and K could also been obtained by non-linear regression 
using ProStat® 4.02 (Poly Software International; Pearl River, NY) (Table N.1). The 
values of Smax in Table N was similar to those obtained by linear regression. 
Table N. Non-linear regression of the sorption isotherms. 
Surfactant 
 
Brij 30 C12E8 
Smax 38.60±10.87 16.23±3.14 
K 0.05±0.06 0.05±0.05 
r
2
 0.77 0.74 
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